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ABSTRACT

Ever increasing anthropogenic habitat alteration affects organiseseails
levels of biological organization over multiple spatial and temporal scales.
Understanding how evolutionary and ecological processes interact wittdalter
habitats at these various scales will be a major challenge to conservatiorstsolog
in the coming decades, and will be crucial for predicting and alleviatingedelet
effects of habitat modification.

Although the immediate effects of habitat alteration on organisms are often
easily recognized, consequences that may emerge over larger spatial @ordltem
scales may not be as evident. At the landscape scale, populations can exhibit
metapopulation structures, where, in order to remain viable, sink populations are
reliant on migrants from source populations. Habitat alteration may reduce the
suitability of migration corridors among source and sink populations, disrupting
natural metapopulation dynamics. However, the resultant effects on populations
may only be evident after a significant lag-time, when the deleteriousseffiec
population isolation are manifested.

The same habitat alterations that can reduce migration rates also have the
potential to interact with populations over longer time scales. Native species
persisting in locally altered habitats are subjected to novel selectisumssyet,
the evolutionary impacts of these novel selections on resident populations are often
overlooked. Local selective pressures may drive local adaptation in modified
environments, altering the evolutionary trajectories of populations and potentially

making individuals maladapted to more natural habitats.
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Regardless of the spatial and temporal scale used to examine the effects of
human-induced habitat modification on organisms, the end point is often the
extinction or local extirpation of species. Loss of species from comnsimag
influence other biotic and abiotic components of ecosystems such as community
dynamics, nutrient fluxes, and ecosystem function. Thus, habitat alteration not only
has the potential to affect population-level dynamics over space and time, ot also
alter larger components of ecological systems through extirpation of specie

In the first chapter, | assessed the potential for habitat alteratioifjcailgc
reservoirs, to alter gene flow among reservoir fragmented stream fislapopsi
Using microsatellite markers, | assessed the spatial genetitustro€ populations
of a common minnow (Cyprinidae), red shin€ygrinella lutrensis), in and around
Lake Texoma, (OK/TX), USA, and tested for lower genetic diversity in tnextdi
tributary populations that have historically experienced population declines and
recently have increased in abundance. | found populations were geneticatlgdsol
by distance with little differentiation among most populations. However, in one
direct tributary population, there was substantial genetic differentiatidrgemetic
diversity was significantly lower compared to other populations. Gene flow
appeared to be lower in reservoir habitats compared to intact stream segments,
suggesting reservoirs may be reducing migration among historicallyatedne
populations.

In the second chapter, | explored how habitat alteration may result in novel
selective pressures that could drive morphological divergence in resident

populations. | quantified body shape variatiorCofutrensis in streams and
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reservoirs from seven reservoir basins in Oklahoma, USA. Body shape siglyificant
and consistently diverged in reservoirs compared to stream habitats widrirores
basins; individuals from reservoir populations were deeper-bodied and had shorter
heads compared to stream populations. Stream populations were also increasingly
different from reservoir populations as distance from reservoirs inckehsd¢so
assessed the relative contribution of population-level and predator-induced
phenotypic plasticity on observed body shape variation by rearing offspring from a
reservoir and a stream population with or without a piscivorous fish. Significant
population-level differences in body shape persisted in offspring, and both
populations demonstrated similar predator-induced phenotypic plasticity. My
results suggest that, although components of body shape are plastic, anthropogenic
habitat modification can drive trait divergence in native fish populations.

In the third chapter, we (myself, Dr. Michael Tobler, and Dr. Keith B. Gido)
investigated the potential effects of biodiversity losses on community-level
dynamics. Using a long-term dataset of 35 stream fish communitiesadatath
hydrologic data, we showed that community stability (annual variationmodista
biomass of fishes) was less variable in more species-rich communitieaambiv
associated with stream hydrology. Our findings suggest anthropodyemdaiced
extirpation of vertebrate consumers may lower community biomass stabilit

complex ecosystems.
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CHAPTER 1
GENETIC STRUCTURE OF A NATIVE CYPRINID IN A RESERVOIR-
ALTERED STREAM NETWORK
Formatted for Journal of Evolutionary Ecology
Abstract
Reservoirs modify riverine ecosystems worldwide, and often with

deleterious impacts on native biota. The immediate effects of reservoirsya nati
fishes below dams and in impounded reaches have received considerable attention,
but it is unclear how reservoirs affect fishes at larger spatial and terspates.
Documented declines of stream fish populations in direct tributaries of reservoi
suggest the reservoir pools may be reducing gene flow among histacmatigcted
populations. Here, using genetic microsatellite markers, | assessedtibé s
genetic structure of populations of a common minnow (Cyprinidae), red shiner
(Cyprindlalutrensis), in a reservoir-fragmented stream network. | also tested the
prediction that populations in two direct tributaries that have historically
experienced population declines would have low genetic diversity. Results suggest
most populations were isolated by distance with little differentiation among
populations. In one direct tributary population, however, there was substantial
genetic differentiation, and genetic diversity was significantly favan in other
populations. Gene flow was also likely lower in reservoir habitats than in intact
stream habitats, suggesting reservoir habitats may be reducing gemaenitmg the

reservoir-separated populations. These results suggest reservoirs mayaligcti



reduce gene flow among reservoir-fragmented stream fish populations, camgribut
to declines of populations in direct tributaries of reservoirs.
Introduction

Predicting consequences of habitat fragmentation on ecological systems is
major challenge for conservation biologists (Tilman et al. 1994). Riverine
impoundments fragment lotic ecosystems worldwide (Nilsson and Berggren 2000),
frequently with deleterious impacts on aquatic systems at multiple spadial
temporal scales (Benke 1990, Ward 1998, Pringle et al. 2000, Poff et al. 2007).
Numerous immediate and adverse effects of impoundments are relatiVlely we
documented, but it is not clear how reservoirs affect biota over larger temporal and
spatial scales (Fullerton et al. 2010).

The degree to which impoundments alter natural stream habitats is typically
implicated as the driving factor behind changes to native fish communities in
reservoir-altered systems. More often than not, conversion of lotic riverinatsabit
to lentic reservoirs results in fish community shifts through extirpatiorvefinie
species (Holden and Stalnaker 1975, Martinez et al. 1994), increased abundance of
native habitat generalists (Ruhr 1973, Gido and Matthews 2000, Edds et al. 2002,
Herbert and Gelwick 2003), and increased densities of native and introduced
piscivores (Matthews 1985, Martinez et al.1994, Edds et al. 2002). Fish
communities downstream of impoundments are similarly altered by extirpations
introductions caused by changes in temperature, flow regime, sediment loads, and
turbidity levels (Vanicek et al. 1970, Holden and Stalnaker 1975, Edwards 1978,

Berkman and Rabeni 1987). Although the effects of reservoirs on localized fish



communities up- and downstream of impoundments are well studied, the potential
for inundated stream reaches to act as barriers to migration of streanhfishes
received little attention.

Fishes inhabiting small streams in undisturbed riverine systems can exhibit
natural source-sink population dynamics, with coalescing streams and mainste
serving as migration corridors among populations (Fagan et al. 2002, Fagan 2002).
Conversely, studies which have documented declines or extirpation of small-bodied
fishes in streams that flow directly into reservoirs (i.e., direct trilrgpposit that a
lack of migration through reservoir habitats (and hence reduced rescue effects)
contributes to population declines (Winston et al. 1991, Luttrell et al. 1999,
Lienesch et al. 2000, Herbert and Gelwick 2003, Falke and Gido 2006, Matthews
and Marsh-Matthews 2007). Reservoir habitats could functionally reduce gene fl
among once-connected populations, subjecting reservoir-fragmented populations to
deleterious effects associated with genetic isolation and small populagsr(isz,
inbreeding depression, genetic drift; Vrijenhoek 1998). Moreover, even if
extirpated populations in direct tributaries can be re-colonized, subsequent
reestablished populations could suffer from similar deleterious effegts (e.
deleterious founder effects; Mayr 1942, Lande 1988).

The extent of reservoir-based population fragmentation will likely be
modulated by how disparate reservoir habitats are compared to natural stnems
the species-specific ecologies of stream fishes. Stream fistiestict habitat
preferences (i.e., habitat specialists), may be most susceptible to rebasaul

habitat fragmentation because of the extant reservoir pools alter habdtalissser



et al. 2000, Herbert and Gelwick 2003, Skalski et al. 2008). In addition, the
increased density of piscivorous fishes in reservoirs may also lower thelgyitabi
reservoir habitats to act as migration corridors by increasing predatgsupgen
small-bodied stream fishes (Schlosser et al. 2000). Indeed, reservoir-based
population fragmentation of a stream habitat specialist (creek Sbubtilis
atromaculatus) revealed population isolation and reduced genetic diversity in
reservoir-fragmented populations (Skalski et al. 2008). Reservoir-isol#featse

may not be limited to stream habitat specialists. Many small-bodied fishe
commonly inhabit streams can demonstrate lower densities in reservoird)eiith t
abundances decreasing further downstream in inundated reaches (e.g., Gido et al.
2002, Matthews et al. 2004), suggesting reservoirs may be poor migration corridors
for even generalist, small-bodied species.

The small-bodied habitat general3tprinella lutrensis (Cyprinidae)
experienced near, if not complete, extirpation in six of seven direct tribubéries
Lake Texoma, OK/TX, U.S.A., whereas populations in the un-fragmented riverine
networks upstream of the reservoir remained intact (Matthews and Mat#ieis
2007). However, subsequent sampling (2008-2009) in one ‘extirpated’ direct
tributary population (Brier Creek), reveal€dlutrensis had reappeared and then
disappeared in two reaches of Brier Creek (Marsh-Matthews et al. 2011). The
declines of direct tributary populations and the failur€.ditrensis to become
reestablished were particularly surprising gihutrensis is hardy (Matthews and
Hill 1977), widespread (Matthews 1987), and can numerically dominate fish

assemblages in its native range (Marsh-Matthews and Matthews 200@heWsat



and Marsh-Matthews (2007) and Marsh-Matthews et al. (2011) have suggested
increased predator densities and local habitat changes and reduce®mrgtas
through reservoir habitats as possible mechanisms contributing to the decline in and
reestablishment failure &. lutrensis populations in direct-tributaries.

Here, | assessed the genetic structure of the habitat gen€éralisensis
from intact riverine and reservoir-fragmented stream populations in the Lake
Texoma basin, OK/TX, USA. |tested the prediction that the reservoir is astang a
barrier to gene flow among populations, assessed whether reduction of population
sizes in direct-tributaries has lowered genetic diversity in resefragmented
populations, and examined the potential population-of-origin of recently collected
individuals in one previously ‘extirpated’ direct tributary population.
Materials and methods

Study system and sampling

Denison dam impounded the Red and Washita Rivers in 1944, and formed
Lake Texoma on the border of Oklahoma and Texas, USA (Fig. 1). Lake Texoma is
a large (36,000 ha) and shallow (maximum depth 24 m) reservoir (Matthews et al.
2004). Because the impoundment was constructed near the confluence of the Red
and Washita Rivers, the reservoir has two distinct arms, the Red River andaWashit
River arms (Fig. 1).

Twelve sites were sampled in or near Lake Texoma (Table 1; Fig. 1).
Specimens (n = 28-30) at each site were collected by seine. Tissue seagqaien
95% ethanol in the field as whole individuals or as caudal fin clips and stored in

95% ethanol until DNA extraction. Six sites were in the un-fragmented Red River



system upstream of Lake Texoma, three sites were in the reservoir preger (R
River arm n = 2, Washita arm n =1), and three sites were in two direct trisudhrie
Lake Texoma (n = 2 in Brier Creek in the Red River arm, and n = 1 in LittlegSlass
Creek in the Washita River arm; Fig. 1). One site was sampled in both 2008 and
2009 (Brier Creek Cove; Table 1n 2008 and 2009, sampling in Brier Creek at six
different sites yielded only enough lutrensis individuals for genetic analysis only
at two sites, Brier Creek station 5 in 2008 and ~4 km downstream at Brier Creek
station 6 in 2009. No other direct tributaries of Lake Texoma (on the Oklahoma
side) were included in genetic analyses because of the scarcity oceab€n
lutrensisin those habitats (see Matthews and Marsh-Matthews 2007). Although
Hickory Creek (site 6 in Fig. 1) appears to be a direct tributary of Lakenia,

here it was considered a Red River tributary because this end of Lake Tlex®ma
silted in and during high flow the Red River flows past the Hickory Creek-Red
River confluence.

Extraction of microsatellite DNA

DNA was extracted from dorsal muscle tissue from whole individuals or fin
clips using a modified simple Chelex extraction (Walsh et al. 1991): approkmate
100 mg tissue and 3Q0 of 10% Chelex solution was incubated at@%or 12 min.
Genetic variation was analyzed at seven different microsatellit€Tiable 2). The
forward primers were end-labeled with fluorescent dyes and the polenerain
reaction (PCR) was performed on a DNA Engine Dyad (MJ Research)dityarier

using two different multiplexed 1@ reactions. The first reaction mixture

contained 6.2% of Type-it Microsatellite Master Mix (Qiagen, Chatsworth, CA,



USA), 2.5ul of 50 umol primers for three loci (Ca6, Nme 24B6.211, and
Nme25C8.208), 0.kl template DNA, and 4.5l ddH,0. The second multiplexed
PCR contained 6.28 of Type-it Microsatellite Master Mix, 1.2fl of 50 pmol
primers of four loci (Rhca20, Rhca24, Nme 18C2.178, and Nme 24B6.191), 0.5
template DNA, and 3.2pl ddH,0. Thermocycler settings for both PCRs after
denaturation at & for 5 min were: 30 cycles of 95 for 30 s, 57C annealing
temperature for 1.5 min followed by extension &G #r 30 s. The final
polymerization step was extended to 30 min &C60PCR products were
electrophoresed using a 3130x| Genetic Analyzer (Applied Biosystemsheith t
GS600 size standard, and alleles were scored using Peak Scanner v1.0 software
(Applied Biosystems).
Analyses

Preliminary scoring of alleles indicated one locus (Ca6) amplified preduct
using PCR, but also amplified three alleles in some samples and was therefore not
included in further analyses. Microsatellite allele frequencieschtleaus and
population were tested for departures from Hardy-Weinberg equilibriutme{fss
exact tests) and linkage-disequilibrium between loci in GENEPOP ver. 4.0.10
(Raymond and Rousset 1995). Probability tests were based on the Markov chain
method with 10,000 dememorizations, 20 batches, and 5,000 iterations per batch.
Genotypic frequencies of pairwise single and multilocus differences among
populations (G-based tests) were tested using the permutation procedures with

10,000 dememorizations, 100 batches, and 5,000 iterations per batch in GENEPOP.



General descriptive statistics (e.g., number of samples, observed and
expected heterozygosities, ang) were calculated in GenAlEx ver. 6.4 (Peakall
and Smouse 2006) or FSTAT ver. 2.9.3.2 (Goudet 1995). Genetic differentiation
among populations was estimated using pairwis€+0 Weir and Cockerham
1984) with 10,000 permutations in ARLEQUIN ver. 3.5.1 (Excoffier and Lischer
2010) and Reynolds coancestry coefficient (Reynolds et al. 1983) calculated with
default settings in FSTAT. | used Analysis of Molecular Variance (AMPWith
1,000 permutations in ARLEQUIN to assess the relative contribution of genetic
variation attributable to within individuals, individuals within sites, and among
sitess. Where multiple tests were performed; all associated p-vavesdjusted
for multiple comparisons using a sequential Bonferroni correction (Holm 1979, Rice
1989).

| tested for patterns of isolation-by-distance and effects of thevodéisen
genetic distance among populations using a partial Mantel test with 10,000
randomizations in FSTAT. The genetic distance matrix was pairwidecsfwveen
populations (with Brier Creek Cove 2008 and 2009 samples combined) and
geographic distances between populations were based on stream segment and
reservoir shoreline distances. The matrix used to assess the potentintafifie
reservoir habitat on genetic distances was coded as 1's and 0’s where 1 denoted
populations separated by reservoir habitat and 0 denoted populations separated by
stream habitat.

Genetic relationships among populations were estimated by Cavalli-Sforza

and Edwards (1967) chord distances calculated in PHYLIP ver. 3.69 software



packages (Felsenstein 1993). Allele frequencies in each population were
bootstrapped 1,000 times in SEQBOOT, and chord distances (GENDIS) were used
to build rooted neighbor-joining trees (NEIGHBOR). The consensus tree
(CONSENSE) and associated bootstrap values were then visualized in TreeView
(Page 1996).

| used STRUCTURE ver 2.1 (Pritchard et al. 2000) to identify genetically
distinct clustersk) following the method presented by Evanno et al. (2005). For
each value ok (k = 1 through 13, i.e., the total number of collections), 10 iterations
were run using the admixture model with a burn-in period of 100,000 iterations
followed by 100,000 iterations in the collection phase. Each run was performed
using an ancestry model incorporating admixture, a model of correlated allele
frequencies, and the prior population information as suggested by Pritchard et al.
(2000).

Genetic diversity of populations was quantified using allelic richness (mean
number of alleles per locus corrected for sample size) and Nei’'s genetgif{taes
probability that, chosen at random, two copies of a gene (here, microsatel)ite loci
will be different alleles; Nei 1987). Only individuals that amplified all loerev
included in these analyses. Gene diversity was calculated in FSTAT usialy defa
settings. Allelic richness was estimated using multiple random redudiitii’;(
Leberg 2002) in R with the package standArich
(http://www.ccmar.ualg.pt/maree/software.php?soft=sarich). Maltgghdom
reduction analysis is similar to rarefaction in that it estimatescatiehness

accounting for sample size. However, MRR resamples a subset of the individuals in



a population, but sequentially samples (with several iterations) 1 through
individuals, wheren is the total number of individuals in the population (Leberg
2002). Here, the mean number of alleles at each locus and sampling effort (i.e.,
number of genotypes sampled) were quantified from 100 iterations. Allelic richness
of populations was calculated at a sampling effort of 18 individuals (i.e., the
smallest number of individuals that amplified all loci in one population).

Differences in allelic richness and gene diversity among loci and pamsdatiere

tested using General Linear Models (GLM) with allelic richness or gemesity as

the dependent variable and population and locus as fixed factors using SPSS v. 18
(SPSS, Inc., Chicago, IL, USA). The interaction term (populatilmtus) was not
included because its addition would cause over-parameterization of each model (i.e.,
each data point would be represented in the model once). Moreover, a significant
interaction term would indicate allelic richness varied by loci among popusati

which was not of particular interest here. P-values of pairwise comparisons in
significant models were adjusted using the Bonferroni correction.

Because of the low statistical power with only five loci (see results below)
allelic richness of each population was also compared to a null distributioelaf all
richness using all genotyped individuals. To generate the null distribution, allelic
richness was quantified from a random selection of 18 individuals (with
replacement) from all genotyped individuals with 1,000 iterations using the
standArich package in R. The probability that the observed allelic richndss of t
three direct-tributary populations were a random subset of the null distributson wa

calculated using the Gaussian error function.
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To test for recent bottlenecks in population sizes, the program
BOTTLENECK (Cornuet and Luikart 1997) was implemented using 1,000
iterations with the Two Phase Model (TPM) as suggested by Cornuet and Luikart
(1997) for microsatellite data. Probabilities of recent bottlenecks werssass
using the Wilcoxon sum rank test.

Results

Variation in microsatellites

A total of 385 individuals was genotyped at six microsatellite loci. There
was little evidence for departures from Hardy-Weinberg equilibrium &tleaas in
each population, except two loci deviated significantly from equilibrium in Bills
Creek (Rhca24) and Walnut Bayou Creek (Rhca20), in both cases due to an excess
of homozygotes. Two locus pairs showed significant linkage disequilibrium (p <
0.05) in Brier Creek 5 (Nme 24B6.191 and Nme 24B6.211) and Little Glasses
Creek (Nme 24B6.211 and Rhc24). Therefore, the locus shared in both cases (Nme
24B6.211) was removed from further analyses. The remaining microsateilite loc
= 5) were all polymorphic (mean = 19.81.2.09 SD alleles per locus, range = 4 —
36) and demonstrated variation among populations (Table 3, Appendix I). Most
genetic variation was found within individuals (92 %), followed by among
individuals within populations (6.56 %) and among populations (1.42 %),
suggesting weak population structuring, overall.

Population differentiation

G-based exact tests showed significant differentiation among populations for

some of the five microsatellite loci independently (Table 4) and combined (all p <
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0.05). Calculation of & values indicated some differentiation among populations
across loci (meangdr = 0.015+ 0.018 SD, range = -0.016 — 0.078; Table 4).
Significant pairwise Er values were found primarily between population pairs that
were separated by a great distance (e.g., Whiskey Creek, Red River anal the tw
populations in the Washita arm of Lake Texoma) and 5 of the 11 pairwise
comparisons with Brier Creek 5 (Table 4). Reynolds coancestry coefficients
between population pairs also demonstrated a similar pattern (Table 4). Cavalli-
Sforza chord distances indicated weak population structuring among most
populations, however, Brier Creek 5 and the two populations from the Washita
River arm of Lake Texoma (Glasses Cove and Little Glasses Craakndated

the most differentiation supported by 70.1 % and 90.2 % of the simulations,
respectively (Fig. 2).

The program STRUCTURE also supported this differentiation among
populations and suggested three genetic clusters coinciding with Brier Cregk 5 a
the two populations in the Washita arm (Glasses Cove and Little Glagsdg &nd
the rest of the populations (Fig. 3).

Sites were significantly isolated by distance (Partial Mantel pestial r =
0.474, p < 0.001; Fig. 4), but genetic distance did not correlate with reservoir
habitats (partial r = 0.123, p = 0.323).

Allelic richness was variable among populations (Fig. 5) and the GLM
demonstrated significant differences in allelic richness among@RogiE 121.5, p <
0.001) and populations {l>= 2.5, p = 0.014). Bonferroni corrected pairwise

comparisons revealed Brier Creek 5 had significantly lower aliehoess
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compared to Brier Creek 6 and Hickory Creek. Conversely, gene diversity
significantly differed among loci g = 135.2, p < 0.0001) but not among
populations (F12 = 1.4, p = 0.194). In addition, comparing observed allelic

richness of direct-tributary populations to the null distribution revealed BreskC

5 (p < 0.001) had significantly lower allelic richness than would be predicted by
chance but not Brier Creek 6 (p = 0.35) or Little Glasses Creek (p = 0.81; Figure 6).

There was no evidence for recent bottlenecks in population size among all
populations (all p > 0.05) based on the results from BOTTLENECK.
Discussion

Genetic structuring of populations was primarily a function of isolatien-by
distance and most differentiation was found between the two arms of the reservoir.
However, one population in one of the two direct tributaries showed increased
genetic differentiation less explained by distance. Mean allelicegshwas also
lower (compared to a null distribution based on all populations) in one but not the
other direct tributary.

Although many studies have assessed the effects of physical bargers (e.
dams, waterfalls, weirs) on the genetic structure of fish populations (National
Resource Council 1996), few have investigated the potential for reservoir habitats to
act as barriers to gene flow (Skalski et al. 2008). Reservoirs can rexhecfay
of habitat specialists in reservoir-fragmented populations, where fraginente
populations experience isolating effects (i.e., many fixed alleles, lowigene
diversity) compared to intact riverine populations (Skalski et al. 2008). Gere,

lutrensis (a habitat generalist) occurred in reservoir habitats, albeit in lower @ensiti
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compared to nearby streams (Gido et al. 2002, Matthews et al. 2004). However,
significant divergence among populations primarily occurred between thertvgo ar
of the reservoir and in only one (and at only one site: Brier Creek 5) of the two
direct tributaries of Lake Texoma.

The significant isolation-by-distance correlation suggests aatpati
structuring ofC. lutrensis populations due to geographic distances among
populations. However, the two populations from the Washita arm of Lake Texoma
(i.e., Glasses Cove and the direct tributary, Little Glasses Cikek)dirove much
of this relationship. Removal of these two populations did result in a non-
significant isolation-by-distance relationship among the remaining pamsat
(Mantel test, r = 0.27, p = 0.118). The clustering of the two Washita arm
populations based on Cavalli-Sforza chord distances and the program
STRUCTURE, also suggests there is likely less gene flow between the twofarm
the reservoir compared to gene flow within the Red River arm. This is not a
surprising result given the upstream reaches of reservoirs tend to ressmgble |
rivers (Wetzel 1990), and densities of small-bodied stream fishes can decrease
further downstream in reservoirs (Gido et al. 2002). Thus, low numbers of potential
migrants in downstream reaches of the reservoir, coupled with reservoatfiabit
being potentially poor corridors for small-bodied fish migration (Schlogs®r e
2000), may explain the genetic disparity between the two arms of the reservoir.

There was little evidence that gene flow was restricted between the dire
tributary population and the reservoir in the Washita arm of Lake Texoma, as both

populations were genetically similar. However, populations in the directarnbut
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(Brier Creek) in the Red River arm of the reservoir revealed geneticatitfation
compared to the nearest reservoir populations, but only one of the two sites within
Brier Creek demonstrated this differentiation. The furthest upstream 8teer

Creek (Brier Creek 5) was less similar compared to all other populations, mtrludi
fish collected 4.5 km downstream at Brier Creek 6 and 10.0 km at Brier Creek
Cove, suggesting some genetic isolation. This genetic disparity is unlikely to be a
function of isolation-by-distance due to the close proximity of other populations, but
the lowC. lutrensis densities in Brier Creek (Matthews and Marsh-Matthews 2007)
coupled with recent lake level fluctuations may explain this longitudinal genetic
structure.

Fish collected from Brier Creek 5 in 2008 were potentially from a relict
population that has not exchanged genes with the reservoir for some time, whereas
fish from Brier Creek 6 in 2009 were likely recent immigrants from the reservoir
proper. The low allelic richness observed in Brier Creek 5 suggests this mopulat
has potentially experienced genetic drift or founder effects, and the non-sighifica
differences in Nei's gene diversity among populations was potentially due to our
low statistical power with using only 5 loci. Conversely, Brier Creek 6 had the
second highest observed allelic richness of all populations, suggesting these
individuals have not suffered from genetic isolation. Rather, these individuals likely
emigrated from the reservoir proper during a flood in May and June of 2009 (Fig.
7), and were recent arrivals to Brier Creek. Increases in reservoir pealieh can
inundate lower reaches of direct tributaries in Lake Texoma (Matthew's! airsth-

Matthews 2007), potentially removing barriers to migration during periods of high
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water (e.g., Franssen et al. 2006). The sudden appearance of individuals at Brier
Creek 6 following a flood (Fig. 7), and their genetic similarity to the veser
proper populations, suggests these individuals were recent emigrants from the
reservoir.

Given that there is no obvious physical barrier between Brier Creek 5 and
the reservoir proper; it is unclear why this population was genetically dismara
why C. lutrensis has appeared in small numbers and disappeared several times at
both Brier Creek sites over the last few years (Marsh-Matthews2€i14 ).
Matthews and Marsh-Matthews (2007) noted the increased incidence of deep pools
with high predator densitied{cropterus spp, Lepomis spp.) in the lower reaches of
direct tributaries of Lake Texoma. If lower reaches of direct trilegare predator
dense zones, this may impede the migration of individuals up or downstream, and
this phenomenon could explain both the genetic isolation of Brier Creek 5 and the
appearance d. lutrensis individuals coinciding with a flood at Brier Creek 6.
While much of this is speculative, future mapping of the longitudinal densities of
piscivorous fishes in direct tributaries of Lake Texoma may shed light on the
potential for piscivorous fishes to affect the longitudinal distribution of fighes
reservoir-fragmented streams.
Conclusions
The genetic structures of populations separated by large distances ofireservo
habitat suggest reservoir habitats may functionally reduce gene flow amaltg s
bodied fish populations in reservoir-fragmented stream systems. However, the

isolating effect of the reservoir on populations inhabiting direct tributamss w
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equivocal: only one of the two direct tributary populations demonstrated potential
genetic isolation and reduced genetic diversity. Investigations ahstnabitat
specialists in reservoir-fragmented systems may prove to be betteratanda
assess fragmentation by reservoirs; however, our results suggestirdsaitats

may fragment populations of even the most generalist and hardiest of species.
Continued investigations of the effects of reservoirs on native biota at largjat spa
and temporal scales will likely prove useful for conservation managers ofagiese
fragmented ecosystems.
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Table 1. Site location, site ID, date of collection, type of habitat, latitudea(dtlongitude (dd) of 12 sites whéze
lutrensisindividuals were collected to assess genetic structutelafrensis in and near Lake Texoma, OK/TX, USA, in
2008 and 20009.

Site ID Date Habitat River Arm Latitude Longitude
Whiskey Creek 1 20-May-08 River tributary Red 34.1529 -98.1565
Red River 2 20-May-08 River Red 33.9377 -97.7320
Coffee Pot Creek 3 20-May-08 River tributary Red 33.9403 -97.4518
Walnut Bayou Creek 4  10-Aug-09 River tributary Red 33.9166 -97.2824
Bills Creek 5 10-Aug-09 River tributary Red 33.8970 -97.1577
Hickory Creek 6 19-May-08 River tributary Red 34.0377 -97.1434
Brier Creek Cove 7 23-Jun-08 Reservoir Red 33.9248 -96.8654
7 30-Jul-09
Brier Creek Station6 8  23-Jun-09  Reservoir tributary Red 33.9539 -96.8422
Brier Creek Station 5 9 4-Jun-08  Reservoir tributary Red 33.9990 -96.8286
Biostation Shore 10 12-Jun-08 Reservoir Red 33.8794 -96.8021
Glasses Creek Cove 11 12-Aug-09 Reservoir Washita 34.0281 -96.6611

Little Glasses Creek 12 2-Aug-09 _ Reservoir tributary Washita 34.0256 -96.6983
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Table 2. Locus, repeat type, primer sequences, multiplex reaction group, GenBasstaaicnumber, and source of

microsatellite locus primer. Labeled primers are indicated with (1AM6R = NED, 3 = TET).

Locus Repeat type Primer sequences (5'-3") hﬂgg:gilgﬁ Aﬁg:ensbsel(;n Source

Cab (CALCG(GA)  F:CAGGTCTTGCCCACGTCTGAG 1 AF277578 Dimsoski et al. 2000
R:CACCTGTGGAACCGGCTTGA

Rhca20 (GAY, F:CTACATCTGCAAGAAAGGC 2 DQ106915 Girard and Anders 2006
R:CAGTGAGGTATAAAGCAAGG

Rhca24 (GAY, F:GTGGTGTTAGCAGAAACCCG 2 DQ106917  Girard and Anders 2006
R:CTGCTGTTTAATATGTCAC

Nme 18C2.178 (TG)s F: TCAAACCCTACAGACAGCAAGACT 2 AF532582  Burridge and Gold 2003
R:TTTCTCAGGGGCTCCAACAAG

Nme 24B6.191 (AGTGAC(AG); F:TTGCAGGGGAAACATACC 2 AF532583  Burridge and Gold 2003
R:GAATGGGCCGTTACTCTC

Nme 24B6.211 (CA) F:CGGACAGGTGTGATGGAATG 1 AF532583  Burridge and Gold 2003
R:ACCCTGTGGCTGTGAACGA

Nme 25C8.208 (T@) F:AAAAAGGCCTCCCAGTGC 1 AF532584  Burridge and Gold 2003

R:AATTATATGTCGGTGACCAGATTG
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Table 3. Summary statistics of 12 population€ diutrensis collected in or near Lake Texoma, OK/TX between 2008 and
2009. Population names are the same as Table 1. Mean number of individuals genotyped (p8r fneas number of
alleles per locus (), mean allelic richness per locus\Anean gene diversity per locusys total number of private

alleles (Ryi), mean expected @Hand observed ($)l heterozygosites per locus, and the inbreeding coefficient averaged over
all loci (Fsg).

Glasses Creek Cove 11 27.4 9.40 7.94 0.71
Little Glasses Creek 12 29.6 11.40 9.80 0.78

0.71 0.64 0.10
0.78 0.71 0.09

Population ID N Nai A Gyiv Pai He Ho Fis
Whiskey Creek 1 28.8 10.60 8.84 0.77 1 0.77 0.75 0.02
Red River 2 27.6 1120 9.69 0.79 3 0.79 0.74 0.06
Coffee Pot Creek 3 29.6 1220 10.24 0.80 2 0.80 0.74 0.07
Walnut Bayou Creek 4 29.4 11.00 9.27 0.77 1 0.77 0.66 0.14
Bills Creek 5 27.8 9.80 8.58 0.77 0 0.76 0.60 0.22
Hickory Creek 6 28.8 1320 1094 0.77 5 0.77 0.73 0.06
Brier Cove 2008 7 29.0 1120 9.75 0.75 1 0.75 0.66 0.12
Brier Cove 2009 7 256 1080 959 0.76 0 0.76 059 0.22
Brier Creek 6 8 254 11.20 10.60 0.81 2 0.81 0.70 0.14
Brier Creek 5 9 28.4  8.00 6.85 0.73 0 0.73 0.63 0.14
Biostation Shore 10 274 11.00 951 0.80 1 0.80 0.67 0.16

0
1
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Table 4. Summary data for spatial population genetic struct@elatrensis in the Lake Texoma basin (coded as in Table
1). The entries below the diagonal are pairwisevBlues (bold text and * indicate significant at sequential Bonferroni
correction p < 0.05). Entries above the diagonal are Reynolds coancestry coeéflmeei @nd the number of loci with
significant pairwise genotypic differentiation over 5 loci (below).

Population 1 2 3 4 5 6 7(2008)7 (2009) 8 9 10 11 12

1 0.006 0012 0011 0.009 0.039 0025 0.015 0.0@GB057 0.006 0.081 0.070
0 0 0 0 1 0 0 0 4 0 1 1

2 0.006 0.001 0.001 0.005 0.021 0.010 0.017 0.00D041 0.000 0.043 0.037
0 0 0 0 0 0 0 0 0 1 1

3 0.012  0.001 0.003 0.000 0.006 0.009 0.003 0.00D035 0.000 0.016 0.017
0 0 0 0 0 0 2 0 0 0

4 0.011 0.001 0.003 0.000 0.009 0.000 0.005 0.06D035 0.000 0.028 0.032
0 0 0 0 0 1 0 0 0

5 0.009 0.005 -0.008 0.000 0.005 0.002 0.001 0.00R032 0.002 0.026 0.021
0 0 0 0 1 0 0 0

6 0038 0.020 0.006 0.009 0.005 0.000 0.000 0.000 0.03100%0. 0.008 0.011
0 0 0 1 0 0 0

7(2008) 0.025 0.010 0.009 -0.001 0.002 -0.003 0D.0 0.002 0.040 0.009 0.021 0.027
0 0 1 0 0 0

7(2009) 0.015 0.017 0.003 0.005 0.001 -0.001 0.001 0.004 0.035 0.006 0.030 0.029
0 0 0 0 0

8 0.008 0.000 -0.016 -0.002 -0.013 -0.006 0.002 04.0 0.027 0.000 0.019 0.002
2 0 0 0

9 0055 0040+ 0.034* 0.034 0.032 0.030 0.039* 0.034 0.026 0.023 0.050 0.034
1 1 1

10 0.006 -0.006 -0.008 -0.001 0.002 0.005 0.009 0.0 -0.016 0.023 0.035 0.020
0 1

11 0.078* 0.042* 0.016 0.027 0.026 0.008 0.020 0.029 0.019 0.04803% 0.000
0

12 0.067* 0.037* 0.016 0.031* 0.021 0.011 0.027 0.028 0.002 0.033 0.020 -0.001
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Figure 1. Locations of sampling sites in the study area near Lake ae&hirX. Sites are coded by site numbers as stated
in Table 1. Note the Red River flows west to east and the Washita River flowsuesitto south-east and both debouch
into Lake Texoma.

Red River
©) 3 0
N

Kilometers
0 5 10 20 30 40




Figure 2. Neighbor-joining rooted (Whiskey Creek) tree from Cavalli-Sfdraedc
distances amon@yprinella lutrensis populations in the Lake Texoma basin.
Numbers at the branches indicate the percent of times (>50 %) the populations of
the branch occurred among the trees over 1,000 bootstrap replicates.
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Figure 3. STRUCTURE results showing three (k = 3) genetic clustech Veatical bar is an individual (grouped by
population). Different colors in each bar demonstrate the proportion of times each indndadgaouped in that cluster.
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Figure 4. Relationship between pairwise geographic distance (km) aeticge
distance (E7/1-Fst) amongC. lutrensis in the Lake Texoma basin, OK/TX, USA.
The solid line denotes the best-fit linear regression model.
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Figure 5. Results of multiple random reductions for estimating mean allelic
richness. Each ascending line is a population. The vertical dotted line at 18
genotypes indicates where allelic richness was compared among poysulatie
three direct-tributary populations are noted: 8 = Brier Creek 6, 12 = Litiles€s
Creek, 9 = Brier Creek 5. Brier Creek 5 had significantly lower all@imess than
predicted by the null distribution (see Fig. 6).
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Figure 6. The null distribution of allelic richness using a sample size of 18
individuals. Arrows indicate observed allelic richness in Brier Creek 5k(blac
arrow), Little Glasses Creek (white arrow), Brier Creek 6 (dastred/a P-value
indicates Brier Creek 5 had allelic richness significantly lower thedigted by the

null distribution.
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Figure 7. A) Mean daily surface elevation (m) above sea level of Lekamia

from 2007 — 2010. The inset graph in A) is the mean daily surface elevation (black
line) and+ standard deviation (gray vertical bars) of Lake Texoma from 1995
through 2006. B) Number @&. lutrensis collected from two sites in Brier Creek, a
direct tributary of Lake Texoma between 2007 and 2010. Filled circles and solid
lines are Brier Creek 5, and open circles and dotted lines are Brier Creek 6.
Samples where tissue was collected for microsatellite analysisdacated with

(*).
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Appendix I. Allele frequencies at each locus and population (coded as in Table 1gs Ateecoded as number of base pairs.

Locus Allele 1 2 3 4 5 6 7 (2008) 7 (2009) 8 9 10 11 12
Rhca20 88 0.067 0.052 0.067 0.033 0.018 0.100 0.050 0.054 0.056 0.017 0.067 0.000 0.033
90 0.700 0.638 0.583 0.750 0.696 0.667 0.767 0.696 0.556 0.617 0.617 0.603 0.483
92 0.233 0.276 0.350 0.217 0.286 0.233 0.183 0.250 0.389 0.367 0.317 0.397 0.483
96 0.000 0.034 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000
Nme 18C2.178 167 0.103 0.241 0.317 0.300 0.357 0.533 0.433 0.462 0.296 0.383 0.327 0.707 0.517
169 0.017 0.017 0.017 0.000 0.000 0.050 0.017 0.000 0.074 0.000 0.000 0.000 0.017
171 0.397 0.397 0.200 0.200 0.232 0.067 0.167 0.173 0.167 0.100 0.231 0.034 0.000
173 0.000 0.052 0.033 0.000 0.000 0.033 0.000 0.000 0.019 0.033 0.000 0.000 0.033
175 0.000 0.034 0.067 0.067 0.018 0.017 0.050 0.038 0.019 0.017 0.000 0.052 0.083
177 0.069 0.052 0.133 0.017 0.107 0.083 0.067 0.038 0.130 0.067 0.115 0.034 0.100
179 0.000 0.000 0.000 0.017 0.036 0.017 0.017 0.000 0.019 0.000 0.000 0.000 0.000
181 0.190 0.069 0.117 0.117 0.107 0.050 0.067 0.115 0.074 0.300 0.135 0.086 0.083
183 0.103 0.069 0.050 0.167 0.107 0.083 0.117 0.096 0.093 0.083 0.000 0.034 0.083
185 0.052 0.000 0.033 0.050 0.018 0.067 0.033 0.038 0.019 0.000 0.077 0.017 0.033
187 0.017 0.000 0.000 0.000 0.000 0.000 0.017 0.000 0.019 0.000 0.038 0.017 0.000
189 0.000 0.000 0.000 0.033 0.018 0.000 0.000 0.000 0.000 0.000 0.000 0.017 0.017
191 0.000 0.000 0.000 0.017 0.000 0.000 0.017 0.000 0.019 0.000 0.019 0.000 0.017
193 0.000 0.000 0.017 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000
195 0.017 0.000 0.017 0.000 0.000 0.000 0.000 0.038 0.019 0.000 0.019 0.000 0.000
197 0.000 0.017 0.000 0.000 0.000 0.000 0.000 0.000 0.019 0.000 0.038 0.000 0.000
199 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.017
203 0.034 0.052 0.000 0.000 0.000 0.000 0.000 0.000 0.019 0.017 0.000 0.000 0.000
210 0.000 0.000 0.000 0.017 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000
Nme 24B6.191 189 0.000 0.017 0.000 0.000 0.018 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000
191 0.138 0.310 0.233 0.233 0.143 0.268 0.214 0.125 0.185 0.321 0.288 0.271 0.259
193 0.241 0.224 0.283 0.250 0.268 0.196 0.286 0.208 0.130 0.054 0.192 0.354 0.241
195 0.121 0.052 0.033 0.117 0.000 0.054 0.107 0.104 0.148 0.000 0.077 0.000 0.000
197 0.276 0.224 0.300 0.250 0.393 0.321 0.321 0.271 0.315 0.268 0.212 0.292 0.310
199 0.034 0.034 0.067 0.017 0.054 0.018 0.000 0.063 0.074 0.000 0.019 0.000 0.000
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Appendix 1.Continued

Locus Allele 1 2 3 4 5 6 7(2008) 7 (2009) 8 9 10 11 12

Nme 24B6.191 201 0.034 0.017 0.000 0.067 0.036 0.071 0.018 0.104 0.074 0.000 0.038 0.000 0.052
203 0.069 0.052 0.033 0.033 0.089 0.018 0.036 0.063 0.056 0.304 0.077 0.083 0.052
205 0.000 0.000 0.017 0.000 0.000 0.018 0.018 0.021 0.000 0.036 0.019 0.000 0.000
207 0.034 0.000 0.017 0.000 0.000 0.000 0.000 0.021 0.000 0.000 0.000 0.000 0.000
209 0.000 0.034 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.038 0.000 0.000
211 0.000 0.000 0.017 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.069
213 0.052 0.034 0.000 0.033 0.000 0.018 0.000 0.021 0.019 0.000 0.038 0.000 0.017
217 0.000 0.000 0.000 0.000 0.000 0.018 0.000 0.000 0.000 0.018 0.000 0.000 0.000

Rhca24 249 0.000 0.000 0.034 0.000 0.000 0.000 0.018 0.019 0.019 0.018 0.000 0.000 0.000
251 0.268 0.100 0.190 0.121 0.160 0.154 0.036 0.269 0.167 0.179 0.185 0.058 0.034
253 0.018 0.000 0.034 0.017 0.100 0.058 0.054 0.019 0.000 0.000 0.019 0.019 0.000
255 0.089 0.020 0.086 0.086 0.080 0.058 0.071 0.135 0.074 0.071 0.056 0.154 0.155
257 0.089 0.040 0.017 0.034 0.020 0.019 0.018 0.019 0.019 0.000 0.019 0.096 0.069
259 0.089 0.120 0.121 0.138 0.200 0.115 0.125 0.058 0.074 0.143 0.056 0.173 0.086
261 0.143 0.140 0.052 0.103 0.040 0.038 0.125 0.096 0.093 0.000 0.111 0.077 0.052
263 0.036 0.120 0.052 0.155 0.060 0.058 0.071 0.038 0.148 0.304 0.148 0.038 0.172
265 0.071 0.080 0.086 0.172 0.040 0.058 0.089 0.000 0.111 0.054 0.037 0.077 0.052
267 0.000 0.040 0.034 0.034 0.060 0.058 0.071 0.019 0.056 0.089 0.037 0.058 0.034
269 0.036 0.020 0.000 0.000 0.060 0.019 0.018 0.058 0.000 0.018 0.037 0.000 0.000
271 0.036 0.080 0.052 0.034 0.080 0.019 0.036 0.058 0.056 0.000 0.056 0.019 0.034
273 0.018 0.080 0.034 0.000 0.000 0.077 0.054 0.038 0.056 0.000 0.037 0.019 0.017
275 0.018 0.040 0.017 0.000 0.000 0.038 0.054 0.019 0.019 0.000 0.056 0.058 0.034
277 0.000 0.020 0.000 0.000 0.000 0.058 0.036 0.058 0.019 0.000 0.019 0.000 0.052
279 0.018 0.020 0.017 0.017 0.020 0.019 0.000 0.019 0.000 0.036 0.037 0.000 0.017
281 0.000 0.040 0.034 0.000 0.000 0.019 0.054 0.000 0.019 0.000 0.000 0.077 0.034
283 0.018 0.000 0.017 0.017 0.040 0.000 0.018 0.019 0.000 0.000 0.019 0.000 0.034
285 0.000 0.000 0.017 0.000 0.000 0.019 0.000 0.019 0.019 0.000 0.019 0.019 0.017
287 0.018 0.020 0.034 0.017 0.000 0.019 0.018 0.019 0.000 0.000 0.000 0.019 0.069
289 0.000 0.000 0.017 0.000 0.000 0.019 0.000 0.000 0.000 0.000 0.000 0.000 0.000
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Appendix |. Continued.

Locus Allele 1 2 3 4 5 6 7(2008) 7 (2009) 8 9 10 11 12

Rhca24 291 0.000 0.000 0.000 0.000 0.020 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.017
293 0.000 0.000 0.017 0.000 0.000 0.000 0.018 0.000 0.000 0.018 0.019 0.019 0.017
295 0.018 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.019 0.018 0.000 0.000 0.000
297 0.000 0.000 0.000 0.000 0.000 0.019 0.000 0.000 0.000 0.000 0.000 0.000 0.000
299 0.000 0.000 0.000 0.017 0.020 0.000 0.000 0.000 0.000 0.000 0.019 0.000 0.000
301 0.000 0.000 0.000 0.017 0.000 0.000 0.000 0.000 0.000 0.018 0.000 0.000 0.000
303 0.000 0.000 0.017 0.000 0.000 0.019 0.000 0.000 0.019 0.018 0.000 0.019 0.000
305 0.018 0.000 0.000 0.000 0.000 0.000 0.000 0.019 0.000 0.000 0.000 0.000 0.000
307 0.000 0.000 0.000 0.000 0.000 0.019 0.000 0.000 0.000 0.018 0.000 0.000 0.000
309 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.019 0.000 0.000 0.000 0.000
311 0.000 0.000 0.000 0.017 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000
313 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.019 0.000 0.000
315 0.000 0.000 0.000 0.000 0.000 0.000 0.018 0.000 0.000 0.000 0.000 0.000 0.000
319 0.000 0.020 0.000 0.000 0.000 0.019 0.000 0.000 0.000 0.000 0.000 0.000 0.000
323 0.000 0.000 0.017 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000

Nme 25C8.208 199 0.000 0.000 0.017 0.000 0.017 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.017
201 0.000 0.019 0.000 0.000 0.033 0.000 0.000 0.021 0.000 0.000 0.000 0.000 0.000
203 0.000 0.000 0.000 0.000 0.000 0.050 0.000 0.000 0.000 0.000 0.000 0.000 0.000
205 0.000 0.000 0.017 0.018 0.000 0.050 0.017 0.042 0.000 0.077 0.036 0.034 0.033
207 0.071 0.019 0.103 0.054 0.033 0.017 0.103 0.104 0.132 0.000 0.036 0.000 0.017
209 0.179 0.231 0.259 0.268 0.150 0.100 0.121 0.208 0.211 0.135 0.214 0.190 0.083
211 0.054 0.115 0.034 0.125 0.083 0.067 0.069 0.021 0.053 0.135 0.036 0.121 0.117
213 0.268 0.192 0.121 0.161 0.183 0.217 0.276 0.354 0.184 0.385 0.196 0.121 0.117
215 0.161 0.096 0.121 0.089 0.133 0.083 0.034 0.021 0.132 0.000 0.143 0.034 0.000
217 0.107 0.019 0.069 0.018 0.100 0.067 0.017 0.021 0.053 0.000 0.089 0.034 0.117
219 0.054 0.077 0.034 0.054 0.083 0.067 0.086 0.021 0.053 0.038 0.089 0.069 0.117
221 0.000 0.019 0.052 0.018 0.067 0.017 0.017 0.042 0.053 0.000 0.000 0.086 0.050
223 0.018 0.000 0.052 0.036 0.017 0.050 0.052 0.000 0.026 0.000 0.036 0.000 0.033
225 0.018 0.019 0.034 0.036 0.050 0.017 0.017 0.063 0.026 0.019 0.018 0.103 0.033
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Appendix 1. Continued.

Locus Allele 1 2 3 4 5 6 7 (2008) 7 (2009) 8 9 10 11 12

Nme 25C8.208 227 0.000 0.038 0.034 0.018 0.017 0.017 0.052 0.000 0.026 0.000 0.000 0.069 0.050
229 0.000 0.000 0.017 0.018 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.033
231 0.018 0.019 0.000 0.000 0.000 0.033 0.034 0.000 0.000 0.000 0.018 0.017 0.000
233 0.000 0.019 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.018 0.000 0.033
235 0.000 0.000 0.000 0.018 0.000 0.017 0.034 0.000 0.053 0.000 0.036 0.000 0.000
237 0.018 0.019 0.017 0.000 0.000 0.017 0.000 0.000 0.000 0.135 0.000 0.034 0.000
239 0.000 0.038 0.000 0.036 0.000 0.033 0.052 0.021 0.000 0.058 0.000 0.017 0.050
241 0.018 0.058 0.000 0.000 0.017 0.017 0.017 0.042 0.000 0.019 0.018 0.000 0.033
243 0.000 0.000 0.000 0.018 0.000 0.017 0.000 0.021 0.000 0.000 0.000 0.052 0.067
245 0.000 0.000 0.017 0.018 0.017 0.033 0.000 0.000 0.000 0.000 0.000 0.000 0.000
247 0.000 0.000 0.000 0.000 0.000 0.017 0.000 0.000 0.000 0.000 0.018 0.017 0.000
249 0.018 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000 0.000




CHAPTER 2
ANTHROPOGENIC HABITAT ALTERATION INDUCES RAPID
MORPHOLOGICAL DIVERGENCE IN A NATIVE STREAM FISH

Formatted for Evolutionary Applications

Abstract

Anthropogenic habitat alteration creates novel environments that can alter
selection pressures. Construction of reservoirs worldwide has disturbed riverine
ecosystems by altering biotic and abiotic environments of impounded streanmge€ha
to fish communities in impoundments are well documented, but effects of those changes
on native species persisting in reservoirs, which are presumably subjected to novel
selective pressures, are largely unexplored. | assessed body shapmvairetative
stream fish in streams and reservoirs from seven reservoir basins imthe €kins of
the USA. Body shape significantly and consistently diverged in reserenmgaced to
stream habitats within reservoir basins; individuals from reservoir populatioas we
deeper-bodied and had shorter heads compared to stream populations. Stream
populations were also increasingly different from reservoir populationstasaisrom
reservoirs increased. | assessed the effects of genotypic divergdnuedator
induced phenotypic plasticity on observed body shape variation by rearing offspring
from a reservoir and a stream population with or without a piscivorous fish. Significant
population-level differences in body shape persisted in offspring, and both populations

demonstrated similar predator-induced phenotypic plasticity. My results stiggjes
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although components of body shape are plastic, anthropogenic habitat modification can
drive trait divergence in native fish populations in reservoir-altered habitat
Introduction

Species worldwide are subject to anthropogenic disturbances to ecosystems
(Vitousek et al. 1997), and may consequently suffer extinction and contribute to the
current unprecedented extinction rate (Pimm et al. 1995). The extent of environmental
change and the subsequent responses of populations determine population viability in
recently altered ecosystems. Stream impoundments are major contributorsatf habi
degradation and fragmentation in aquatic ecosystems (Baxter 1977, Dynesius and
Nilsson 1994, Downing et al. 2006); threatening many imperiled freshwater organisms
(Dudgeon et al. 2005). Generally, reservoirs have deleterious impacts on ratye bi
but for species that persist in these altered environments, they may serveehs
systems to investigate population responses to rapid environmental disturbances
because reservoirs are widespread, can be treated as replicated unitsrarallyot
affect a wide-range of taxa.

When streams are impounded, they rapidly change from relatively shallow
flowing habitats to deep standing bodies of water which most native stisteas hiave
likely not experienced during their evolutionary history (Baxter 1977). The peesenc
and strength of novel biotic and abiotic selective pressures in reservoirdaaaad by
changes to historical structures of fish communities following impoundmergatdli
stream fishes often suffer rapid extirpation or substantial declines moesef
impounded streams (Taylor et al. 2001, Gido et al. 2009). Additionally, higher densities

of native and nonnative piscivorous fishes are facilitated in reservoirs by feemigd
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lentic habitats and game fish stockings (Gido and Brown 1999, Taylor et al. 2001,
Paller 2005). Although many native stream fishes cannot persist in these novel
ecosystemssénsu Hobbs et al. 2006), it is currently unclear how traits and evolutionary
trajectories of resident populations may be impacted.

Intra- and interspecific phenotypic variation along natural environmental
gradients of stream flow (Hubbs 1941, Brinsmead and Fox, 2002, Langerhans et al.
2003, McGuigan et al. 2003, Langerhans 2008, Pavey et al. 2010, Tobler and Carson
2010) and predator regimes (Endler 1980, Reznick et al. 1997, Langerhans et al. 2004,
Hendry et al. 2006, Langerhans and Makowicz 2009, Pavey et al. 2010) can be used to
generate priori predictions of how fish morphologies may respond to reservoir
habitats. Relationships between morphology and swimming performance likely
constrain body shape variation along environmental gradients (Langerhans 2008, Tobler
and Carson 2010). Specifically, selection on fishes in lotic habitats can result in
fusiform body shapes that reduce drag and enable prolonged swimming, whereas
increased body depth in lentic waters facilitates faster burst speedsrratau
maneuverability (Gosline 1971, Alexander 1974, Langerhans 2008). The presence of
piscivorous fishes can also select for increased caudal depths of small-bsitksd fi
presumably increasing predator escape through high burst-swimming speedhi@ome
and Blake 1997, Langerhans et al. 2004, Hendry et al. 2006, Langerhans 2009).
Therefore, both loss of flow and increased predator densities in reservoirbdave t
potential to drive predictable morphological trait divergence between ahctisiean

populations and populations in these newly altered habitats.
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Most studies on fishes have offered observational evidence for adaptive trait
divergence in response to varying predator and flow regimes. However,
environmentally contingent phenotypes (i.e., phenotypic plasticity) are widdsprea
(West-Eberhard 1989, Schlichting and Pigulucci 1998, Losos et al. 2000) and the
contribution of phenotypic plasticity to observed morphological variation of fishes
the field has largely been overlooked (Langerhans 2008). | know of only two studies
that have demonstrated predator- (Bronmark and Miner 1997) and flow-induced
(Keeley et al. 2007) plastic morphological changes in fishes. Given that sonsesfishe
plastic in response to the presence of predators or variable flow regirasstygic
plasticity could potentially be responsible for a portion of the morphologicatiearia
observed along environmental gradients. Haas et al. (2010) demonstrated
morphological divergence of a stream fish in reservoirs using field-tallepecimens.
However, it is currently unclear if disparate morphologies are heritalldiam much
body shape variation among populations could potentially be explained by phenotypic
plasticity.

Here, | assessed whether newly formed lentic habitats drive morplablvgit
divergence of native stream-fish populations and predicted fish morphologies would
demonstrate consistent divergence in replicated reservoir systemed lthest
prediction by quantifying body shape of a native small-bodied streanClphiella
lutrensis Baird and Girard) from field-collected individuals in streams nearvessr
and in reservoir habitats. Additionally, | assessed the relative contributions of

genotypic variation and predator-induced phenotypic plasticity to morphological
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divergence in reservoirs by rearing lab-spawned offspring of a resangdstream
population in a common garden experiment with and without predators present.
Materials and methods

Field collections

Cyprinella lutrensis, a small-bodied Cyprinid (< 100 mm Total Length) native to
and locally abundant in the Central Plains of the USA (Matthews 1987), werdembllec
by seine in stream and reservoir habitats from seven reservoir basinsho@&ldJSA
(Table 1; Fig. Al). Specimens from five basins were collected between 1992 and 1999
and | obtained them from the Sam Noble Oklahoma Museum of Natural History
(SNOMNH) in 2009 (Table 1). Specimens were fixed in 10% formalin in the field and
transferred to 50% isopropyl alcohol for long-term preservation. | cdldisie from
the other two basins between 2007 and 2008 (Table 1) and preserved and stored them in
10% formalin before data acquisition (< 2 weeks). Museum collections consisted of
one reservoir population and one stream population either upstream or downstream of
each impoundment, and recent collections included one reservoir population and several
stream populations near each impoundment (Table 1; Fig. A2). | only used males in
breeding condition (determined by the presence of tubercles on the forehead; Koehn
1965) for analyses to reduce potential body shape variation due to sexual dimorphism,
or in females, gravidity.

Morphological divergence and phenotypic plasticity

| assessed potential genotypic differences and predator-induced phenotypic
plasticity in morphology between reservoir and stream populations, by spaning

lutrensis adultsfrom a reservoir and stream population in the lab and rearing their
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offspring in a split-cohort common garden experiment with or without a predator
present. | collected adult. lutrensis from a reservoir (Lake Thunderbird) and a stream
population down-stream of the reservoir (Pecan Creek; Table 1) in May 2009. |
spawned individual breeding pairs from both populations (n = 4 pairs from stream
population, n=8 pairs from reservoir population) in 40 | aquaria (i.e., one male and one
female from the same population per aquarium) in a greenhouse at the Aquatic
Research Facility (ARF) at the University of Oklahoma starting ¥-3009. One

round gravel-filled plastic tray (140 mm diameter, 35 mm deep) in each aquarium
served as spawning substrate. Every third day, | replaced trays and hatchied egg
separate aerated plastic trays. Hatched juveniles from the same cakdhene
haphazardly split into two outdoor 380 | mesocosms. | allowed each parental pair to
spawn until | consistently observed at least 20 juveédiletrensis in each paired
mesocosm.

After each parental pair was finished spawning @ &0 offspring in each
mesocosm pair), | randomly assigned predator and non-predator treatments and
introduced either a native piscivorous fii ¢ropterus salmoides Lacepéde;

Largemouth bass) or non-native non-piscivorous f3Jpi(inus carpio Linnaeus;
Common carp) to each mesocoskii.cropterus salmoides (hereafter termed predator)
is native to this region and have likely shared an evolutionary historyOnithrensis
wherea<C. carpio (hereafter termed non-predator) is an exotic. |included the non-
predator treatment in the paired mesocosms to control for the presencegef &isar
(i.e., the predator fish treatment) in the rearing environments. Parents did not

successfully spawn offspring simultaneously; therefore, although splittsakoeived
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both predator and non-predator treatments the same day, | sequentially added
predator/non-predator treatments through the summer. | placed hatche@larval
lutrensis in mesocosms between 5-July and 26-August, and stocked the first treatments
21-July and the last treatments 19-August. Predator treatna@ritduals were on

average larger mean(range) = 122(90-180) mm Total Length (TL) than nonepredat
individuals 92(73-110) mm TL, therefore | added more than one non-predator to some
mesocosms to approximate the length and biomass of the predator in the other paired
mesocosm. The mean total length of predator and non-predators in paired mesocosm
did not differ significantly (Paired t-test, n =12, t =-0.238, p = 0.815). In addition,
biomass estimated from published length-weight relationships of predator and non-
predator fish (Carlander 1969, Schneider et al. 2000) did not differ significantly
between treatments (Paired t-test, n = 12, t =-1.073, p = 0.304). | separated predator
and non-predator fish from juveni® lutrensis with a screen barrier (window screen)

held in place with silicone at ~1/3 end of each mesocosm. Ju@iilEensis were on
average 13 days old (range = 1 — 22) before | stocked treatment fish and juvergles we
present with treatment fish on average 64 days (range = 45 — 77). | removed dk juveni
C. lutrensis from mesocosms on 3-Oct-2009, euthanized, preserved, and stored them in
10% formalin solution until data acquisition (< 7 days), and only used individuals >10
mm Standard Length (SL) in analyses.

Geometric morphometric analysis

| quantified body shape @&. lutrensis specimens using geometric morphometric
analyses (Zelditch et al. 2004) with tps software (http://life.bio.sunysb.edoiif). |

photographed the left lateral side of each individual digitally with a referscale,
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randomized the photographs using tpsDig software (Rolhf 2004a), and set 10
homologous landmarks on each (Fig. 1). To account for bending of specimens, | unbent
landmarks using the landmarks at the tip of the snout and middle of the eye and one
temporary landmark set in the middle of the caudal peduncle (but removed in final
analyses) using the “unbend specimens” function in tpsUtil (Rolhf 2004b). edesiz
landmark coordinates using the reference scale, and aligned landmark cosnasirege
least-squares superimposition to remove the effects of scale, translatiootsdiod r

with the program tpsRelw (Rohlf 2004c). | calculated centroid size, partiplsgares
and uniform components (i.e., weight matrix; hereafter referred to as shajmegjria
using tpsRelw and reserved them for analyses.

Data analysis

Field collections

To determine the consistency of shifts in morphological space between reservoir
and stream habitats, | reduced the dimensionality of the shape variabkdsWgting
morphological divergence scores for each individual along the stream-reggachéent
based on a divergence vector (referred to as morphological index hereafteime def
by Langerhans (2009). This morphological index does not distort morphological space
and summarizes the linear combination of shape variables that contribute tathstgre
difference in body shape between reservoir and stream habitats (Lasg2008h To
guantify the morphological index, | created a score for each specimen on &ne-stre
reservoir shape axis by multiplying the eigenvector of the effectsi¢iimg centroid
size) Sums of Squares and Cross Products (SSCP) matrix by the shapesvialoakle

to yield a column of morphological index scores for each individual controlling for
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allometry (i.e., centroid size). | used the resulting scores as a dapeadable in
subsequent analyses. | assessed individual landmark movement between habitat type
by analyzing correlation coefficients between landmark positions and tipdohagical
index scores of field collected specimens. Shape variation was then visualmed usi
thin-plate spline transformation grids (Bookstein 1991) in tpsReg (Rohlf 2004d), along
the morphological index of field caught specimens and the observed ranges of
population and predator-induced plasticity of lab-reared individuals.

| tested for differences in body shape between stream and reservoir habitats
using mixed model analysis of covariance (ANCOVA) following Langerhaak et
(2009). The ANCOVA model used the morphological index score as the dependant
variable, centroid size as a covariate (to test for allometry), halpgbtya fixed factor
(to test for effects of stream or reservoir habitats), basin as a random(fac¢est for
effects of basin), and population as a random factor nested within habitat by basin
interaction (to test for unique population differentiation within habitat typesjalues
were approximated using Wilks’ lambda and effect strengths by use of pttial e
squaredp?). | also calculated the relative variance as the partial variancegioe
term divided by the maximum partial variance value in the model. | removed non-
significant interactions from the final model.

Geographic distance, time, and shape divergence

| assessed how distance from reservoirs and time since impoundment influenced
shape variation among populations (i.e., stream versus reservoir) by quarhié/ing
difference between mean morphological index scores from each sindamsarvoir

population in each reservoir basin. This analysis asked whether increasegblgeogra
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distance from reservoirs and time since impoundment would result in increased shape
disparity between reservoir and stream populations. | used two separate linear
regressions with log stream distance (km) from each reservoir or years since
impoundment as independent variables, and the amount of shape divergence as the
dependant variable (i.e., the difference between each stream population’s mean
morphological index score and the mean morphological index score of the reservoir
population in each respective reservoir basin). Two reservoir systems hatthamore

one stream population (Table 1), and inclusion of all populations would result in pseudo
replication in these two reservoirs (i.e., differences in morphological indeassoball
populations in these two reservoirs were calculated from the index scoresrebires
individuals). Therefore, | adjusted the denominator degrees of freedom from 13 to 6 to
avoid the inflation of the degrees of freedom due to pseudo replication.

Because reservoirs may have more homogenous biotic and abiotic conditions
compared to streams, and thus have more consistent and similar selection pressures
among reservoir populations, | also quantified total variation in shape of alingeci
in the two habitat types (i.e., stream and reservoir) using Coefficient @itidar(CV)
of morphological index scores.

Morphologic divergence and phenotypic plasticity

| assessed genotypic differences in body shape between a reservoir anu a strea
population, and tested for predator-induced phenotypic plasticity in reared offspring
using two approaches. However, prior to both analyses, | controlled for body size by
performing a preparatory MANCOVA with shape variables as dependanblesrend

centroid size as a covariate and retained the unstandardized residuals.e Bectocal

49



interests in this experiment were two-fold: genotypic differences andtpredduced
phenotypic plasticity, | did not quantify a single morphological index as above with
field-collected individuals, instead | used a Principal Component Analysis)(eC
reduce the dimensionality of the shape variables. | performed the PCAausing
covariance matrix, of size-corrected shape variables (i.e., residodlehly retained
axes with eigenvalues >1 for analyses. Three PC axes explained 76.9% ofatienvari
in sized corrected body shape (PC | = 49.9%, PC Il = 17.4%, PC lll = 9.6%) and | used
these axes as dependant variables in the subsequent analyses.

For the first analytical approach, | conducted three separate mixed model
ANOVAs. Each dependent variable was PC |, 11, or Ill, and fixed facters w
treatment (predator or non-predator; to test for predator-induced phenotyputg)ast
population-of-origin (to test for genotypic differences between populations), and the
interaction between population and treatment. Parents nested within population (to
control for non-independence of parents) was included as a random factor. Population
of origin could arguably be a random factor; however, in this instance the two
populations were chosen basedagmriori knowledge of body shape differences
between the populations (i.e., preliminary analysis of shape var@tiotrensis were
greatest between these populations). | removed non-significant irdarestns from
each of the final models.

The second analytical approach used three separate repeated measurés ANOV
with mean parent-treatment combinations of PC scores (i.e., means of P@d,lll, a
scores of juveniles from each mesocosm) as dependant variables. Population was a

between-subjects factor and the within-subject was treatment (predator or non-
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predator). Although repeated measures ANOVA is often used to test for differen
over time, it was used here because variation introduced by parents was natadiyecifi
of interest, and it allowed me to test for population and treatment level effieitts
controlling for variation introduced by parents. | completed all analyses i8 8PS
17.0 for Macintosh.

Results

Field collections

In the mixed model ANCOVA, habitat type (stream or reservoir), allometry
(centroid size), and population nested within the basin-habitat interaction had
significant effects on morphological index scores (Table 2). Conversaliyn and the
interaction between basin and habitat were not significant. Habitat had the sttronge
effect on morphological index scoreﬁ(: 0.48), followed by centroid sizqzq, =
0.33) and population nested within the basin-habitat interao’q?@n:().zo; Table 2).
Generally,C. lutrensis found in reservoir habitats had shorter heads with deeper body
depths compared to individuals from stream habitats (Fig. 2). Specificallyshagg
divergence in reservoir habitats was due to posterior movement of the tip of the snout,
dorsal movement of the corner of the mouth, dorsal movement of the insertion of the
dorsal fin, ventral movement of the insertion of the pelvic fin, and anterior movement
pectoral fin (Table 3). Body shape diverged consistently in reservoir habithés in t
replicated reservoir basins; however, there was substantial variation @plicated
stream populations in the one reservoir basin (Thunderbird) where several stream

populations were collected (Fig. 3). Moreover, based on the CV of morphological
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index scores, shape variation in reservoir habitats (CV = 19.8%) was half thatedmpar
to stream habitats (CV = 39.7%).

Geographic distance, time, and shape divergence

Stream populations became increasingly different from reservoir populatons
distance from reservoirs increased (n = 14 0.34, k= 6.22, p = 0.047; Fig. 4).
However, the relationship between morphological index scores among populations and
year since impoundment was non-significant (n = 14,0.125, k¢ = 1.72, p = 0.238).

Genetic divergence and phenotypic plasticity

Due to low spawning success and high juvenile mortality, only 4 parental pairs
from the reservoir population and 8 parental pairs from the stream population were
successfully spawned with offspring surviving in both predator and non-predator
treatments. Overall, 257 individuals were analyzed for shape variation and the mea
from each mesocosm was 10.7 (range = 1-25).

When testing for genotypic and phenotypic plasticity effects on body shape of
C. lutrensis offspring using the three mixed model ANOVAs, population of origﬁa (
= 0.34), parents nested within populatiqﬁp(= 0.15) and treatmentﬁD =0.02), had
significant effects on PC | (Table 4). Parents nested within populaﬁpn 0.38), and
treatmenhﬁzp = 0.05) had significant effects on PC Il. When testing PC IIl, parents
nested within populatiomfp = 0.31), and the interaction between treatment and
population (]Zp = 0.03) were significant (Table 4).

Qualitatively similar results were obtained when testing for populaticei-le
differences in body shape and predator induced phenotypic plasticity usingdepeat

measures ANOVA. With PC | as the dependant variable, only population had a
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significant effect on body shape with no significant effects of pred&aintent or their
interaction (Table 5). Conversely, when testing differences on PC II, onim&eiat
had a significant effect on body shape (Table 5). There were no significanéffieaits
or their interaction when testing PC Ill (Table 5). Thus, PC | largélscted variation
due to population-level genetic differences and PC Il reflected predator ithduce
phenotypic plasticity. Offspring from the stream population had larger caedsl and
smaller head regions compared to offspring from the reservoir population and
resembled similar body shapes to adult n@alkitrensis collected from reservoir
habitats (Fig. 5). Juvenil@. lutrensis reared with predators also had smaller heads and
larger caudal areas compared to individuals reared with non-predators)(FRgcause
there was not a significant interaction between population and predator trediatb
populations demonstrated similar predator-induced phenotypic plasticity (Fig. 6).
Discussion

My results suggest consistent morphological divergence of a native small-
bodied fish in anthropogenically altered riverine systems. Experimentakrésatt
rearing offspring of a reservoir and stream population with and without predators
verified that 1) shape variation between the two studied populations had a genstic basi
and 2) both populations exhibited similar predator-induced phenotypic plasticity in
body shape.

Field collections

Consistent morphological divergence between stream and reservoir populations
within reservoir basins suggests habitat changes by impoundments are driving

predictable phenotypic variation @ lutrensis. Moreover, shape variation was overall
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lower in the more homogenous reservoir environments. Body sh&péutfensisin
reservoirs was less streamlined with deeper caudal areas and sewdler fThis
morphological divergence was also qualitatively similar to morphologicas$biind

in reservoir-residing. venusta (Haas et al. 2010), a small-bodied species ecologically
similar toC. lutrensis. Such intra- and inter-specific trait divergence implies different
reservoirs create similar selective pressures on small-bodied fishessponse,
phenotypes are potentially adapting to maximize fitness in these hakiiatanlikely
only one environmental factor is driving morphological divergence; a suite of novel
selective pressures could potentially contribute to phenotypic differeneeseet
stream and reservoir-resident populations.

Because conversion of riverine systems to reservoir habitats is &sgaeith
multiple biotic and abiotic environmental changes (e.qg., turbidity, flow, temysera
biotic communities), it may be difficult to isolate one factor independenthout
experimental manipulation. However, phenotypic variatio@.dttrensis did match
predicted morphologies thought to be adaptive in both low flow conditions (Gosline
1971, Alexander 1974, Langerhans 2008) and habitats with high predator densities
(Domenici and Blake 1997, Langerhans et al. 2004, Hendry et al. 2006, Langerhans
2009). These two factors in concert could be driving observed morphological shifts of
small-bodied fishes. The increased body depth and caudal area could increéates pre
escape performance (through increased burst-speed; Langerhans 2008) and
maneuverability for feeding on prey suspended in the water column (versus drifting
prey in streams; Rincon et al. 2007) or through steady/unsteady-swimmiognzerte

tradeoffs (Langerhans 2008; 2009).
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Assuming morphological divergence in reservoirs confers greater fitness to
reservoir-resident individuals, divergent natural selection could lead to logahada
in these habitats. Investigations of the morphologies of other fishes between lake-
stream pairs suggest local habitats can drive phenotypic variation in spgdeeof ¢
proximities of populations (Brinsmead and Fox 2002, Hendry et al. 2002, Berner et al.
2009, Haas et al. 2010). Currently, the extent of gene flow among stream and reservoir
populations is unknown, but high immigration rates among populations could limit the
extent of local adaptation in reservoir habitats.

Habitat type explained the most variation in morphological divergenCe of
lutrensis, followed by reservoir basin, although not significant. Given the geographic
distances among reservoir basins (Fig. Al), a significant basin effect wahjdde
expected assuming fish from different basins have unique evolutionary histories,
however, the use of museum and more recently collected specimens likely confounded
this result. Because museum specimens were in preservative for a0lgasts,
significant preservation effects on body shape could have masked a basin effect.
Indeed, both time and the type of long-term preservative solution (i.e., formalin or 50%
isopropyl alcohol) have significant effects on body shape of pres€attensis
individuals (Appendix B). Therefore, it was not possible to isolate basin effestsve
preservation effects with this data set.

Geographic distance, time, and shape divergence

The significant positive relationship between distance from reservoirs and
difference in morphologic index scores between stream and reservoir populations

suggests there is a spatial component to morphological divergence. In onereservoi
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basin (Lake Thunderbird), two of the three stream populations that were most simila
morphologically to reservoir individuals were collected from streams thatdii@etly

into the reservoir. Thus, the close proximity of direct tributary populations coovd al
for increased gene exchange with reservoir populations, or streams closer to the
reservoir could have environmental conditions more similar to reservoirs (&hg., fi
communities; Falke and Gido 2006).

Although time since impoundment was not related to morphological differences
between reservoir and stream populations, this could be potentially confounded by
population distances from reservoirs or if morphological divergence occuraticials
early following the stream impoundments.

Genetic-level and phenotypic plasticity

Results from rearing offspring from a reservoir and stream population with and
without a predator present suggest both genotypic and phenotypic plasticity coatribute
to observed phenotypic differentiation between these two populations. However,
population level differences likely contributed more to phenotypic variation than
plasticity. Both the mixed model and repeated measures ANOVAs demonstrated
population of origin had significant effects on PC | (which explained 42.9% of the
variance in size corrected body shape) and predator treatment had sigeifiects on
PC Il (explained 17.4% of the variance). Additionally, the mixed model found effects
of predator treatment on PC |I. Collectively, these results indicate body\sirégieon
among offspring was most strongly influenced by their population of origin, fallowe
by predator and non-predator treatments. Although | was unable to assedsliberi

directly by comparing parental morphologies to offspring morphologiesr{fsawere
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in very poor condition following spawning), or compare spawned offspring to field
specimens (the size distributions between them were too large), results did aupport
heritable basis to body shape variation between the reservoir and stream @aogulati

When populations become isolated and divergent natural selection is strong,
evolution of traits can occur over relatively short time scales (e.g., Rezratki897,
Stockwell and Weeks 1999; Hendry et al. 2000). Because the reservoir and stream
populations used here were separated by the physical stream impoundmengmigrati
of individuals through the dam structure is improbable. Therefore, these two
populations likely have had little or no low gene flow since construction of thevoase
in 1965. AdditionallyC. lutrensis can spawn during its first year of life (Marsh-
Matthews et al. 2002) potentially allowing for over 80 generations since these two
populations became isolated, far more than needed to observe evolution under
experimental conditions (Reznick et al. 1997). This suggests anthropogenic habitat
alteration has likely facilitated adaptive trait divergence. Nonethdlas effects of
phenotypic plasticity as demonstrated by offspring reared with predatodsatsal
contribute to observed phenotypic divergence in reservoirs.

When reared with predators, the offspring of both populations demonstrated
similar predator-induced phenotypic plasticity (i.e., the interaction wasigoifisant
on PC I and PC Il). However, based on the direction of the plastic shift in
morphological space of both populations (Fig. 6), it is unlikely that the morphological
divergence found in reservoirs is due to predator-induced phenotypic plasticity.
Assuming reservoir-phenotypes are adaptive and predator-induced plasti€ity

contributing to the observed phenotypic variation in reservoirs, the plastic shift in lab-
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reared individuals should have shifted in the direction of the reservoir population.
However, when exposed to predators during development, offspring tended to resemble
the stream population and not the reservoir population. Nonetheless, phenotypic
plasticity for other environmental factors (e.g., flow) could contribute torobde

phenotypic variation in the field.

The lab-reared offspring of the stream and reservoir populations exhibited
disparate shape variation compared to their field-collected counterparteveétothis
result needs to be interpreted with caution for several reasons. First, b@écause
lutrensis offspring were much smaller (mean SL (mm) = 22.3 + 4.88 SD) than field
collected individuals (mean SL (mm) = 46.6 + 6.62 SD) and allometric shape variation
may confound comparisons between such large size differences (Zelditch et al. 2004),
therefore direct comparisons between field and lab-reared individuals may not be
appropriate. Second, sex and breeding condition of individuals could also confound
comparisons between the two groups; shape analyses of field individuals westedest
to only males in breeding condition (i.e., individuals in breeding color with head
tubercles) while lab-reared individuals were not sexed and none exhibited breeding
condition. Cyprinella lutrensis can reach sexual maturity as small as 29 mm SL
(Marsh-Matthews et al. 2002), therefore most lab-reared individuals weoé not
reproductive age. Whereas population level differences were apparent in thartb-r
individuals, in light of these confounding effects, it is unclear if the same shape
differences observed in the field would be observed in the lab-reared individuals had

they be reared to a similar size as field individuals.
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While interpretation of morphological comparisons between field-collected and
lab-reared individuals were likely confounded, it is also unclear if the pomHiatvel
morphological differences in the lab were driven by divergent selection in the two
habitats or was merely a function of genetic differences due to distana@ehetw
populations. Moreover, the results of the plasticity experiment were limitadviyg
only one reservoir replicate. Further experiments assessing populatibn-leve
morphological divergence with other reservoir and stream populations mayag¢duci
the consistency of genetic divergence in replicated reservoir systems.

Conservation implications

The implications of rapid evolutionary change on conservation efforts have
gained interest in recent years (Stockwell et al. 2003, Carroll et al. 2007)e Whi
reservoirs create novel environmental conditions, they are also relatoeetg. Yet
evidence suggests stream fishes that can persist in these habitats have undergone
divergent evolution in under 100 years (Haas et al. 2010, this paper). Assuming
contemporary evolution of reservoir resident fishes has adapted them to impounded
habitats, these reservoir-adapted traits may not be adaptive in other environroents. F
example, reservoir-adapted phenotypes would likely have lower fitness in flowteg w
habitats compared to resident stream fishes. Therefore, reservoirebiti@pieluals
would potentially be poor candidates to re-colonize extirpated populations in streams
that flow into a reservoir proper (i.e., direct tributaries of reservoirs). higlat and
Marsh-Matthews (2007) documented the near or complete extirpat@rwfensis
from several direct tributaries of Lake Texoma, Oklahoma-Texas, USA, agsiream

populations upstream of the reservoir remained intact, in spite of the. fatensis

59



still inhabits the reservoir proper. In addition, recent re-colonization of atdeas
direct tributary did not result in reestablishment of the species (Matthewsamstd-M
Matthews pers. comm.). Because these streams flow directly into theoreseew
colonists are likely to be derived from reservoir populations. Although otherdactor
could have influenced the extirpation@flutrensisin these direct tributaries (e.g.,
habitat changes, increased predation pressure; Matthews and Marsh-Maabe&yys
reservoir-adapted individuals colonizing extirpated stream habitats are plbelii
adapted to successfully reestablish a viable population. Moreover, introgression of
reservoir-adapted genotypes into resident stream populations may alsoeddureas
mean fitness of stream populations, increasing the chances of extirp&imnsver,
experimental manipulation such as environmental transplanting or swimming
performance estimates will be needed in order to assess if reservoir indiackigl-
adapted to stream habitats.
Conclusions

This study documented consistent morphological divergence in body shape of a
native stream fish in reservoirs of impounded riverine systems. A common garden
experiment revealed body shape differences between a reservoir andEipgaation
had a genetic basis and the rearing of offspring with and without predators induced
phenotypic plasticity in body shape. However, based on the direction of the pldstic shi
in morphological space, increased predator densities in reservoirs arebkeliving
the observed divergence (due to predator-induced phenotypic plasticity). Although this
study provided evidence of genetic-based morphological divergence in reservoirs,

assessment of several other lines of investigation are needed. Firstiomilgnzels
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among stream and reservoir populations will be needed to assess the extent to which
gene flow may limit local adaptation to reservoir habitats. Second, alti@ugh

lutrensis demonstrated predator-induced plasticity, the potential for plasticity irdrega
to flow variation has not been examined. The relative contribution of plasticitysvers
genetic components in observed phenotypic variation will also elucidate the axtent
local adaptation in these systems. Finally, relationships between body nogspaontl
fitness in stream and reservoir habitats will need to be assessed to detelmitye i
shape influences fitness in various habitats.
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Table 1. Reservoir basin system (system ID in Appendix B) and spetfisise ID in Appendix B) data &. lutrensis
collected for geometric morphometric analysis to assess body shapgednein reservoirs. Lot numbers of specimens
obtained from the Sam Noble Oklahoma Museum of Natural History are indicatedQkidieoma Identification (OID).

Basin system Year Impounded Name of site Year die€ion N Lattitude Longitude Distance (km) OID
Canton (a) 1986 Canton Lake (1) 1992 18 36.0813 .6o®Y 51521

Horse Creek (2) 1993 13 35.6800 -98.3810 66 67178
Lake Arcadia (b) 1948 Lake Arcadia (3) 1993 25 38B -97.4129 49306

Deep Fork River (4) 1993 31 35.6720 -97.1947 30 7774
Grand Lake (c) 1959 Grand Lake (5) 1994 15 36.627804.8642 48542

Neosho River (6) 1993 9 36.8589  -94.8757 26 49865
Oogalah (d) 1940 Lake Oogalah (7) 1993 14  36.66195.5989 48093

Verdigre River (8) 1999 14 36.8401 -95.5910 28 816
Fort Cobb (e) 1963 Fort Cobb (9) 1992 11 35.2319 8.5979 53711

Cobb Creek (10) 1998 10 35.2902  -98.5942 8 63626
Lake Texoma (f) 1944 Lake Texoma (11) 2007-2008 383.8794  -96.8021

Caddo Creek (12) 2008 9 34.2637  -97.1643 80

Walnut Bayou (13) 2008 16 33.9166 -97.2823 85
Lake Thunderbird (g) 1965 Lake Thunderbird (14) 22008 68 35.2318 -97.2133

Bourbanais Creek (15) 2008 19 35.1779 -97.1421 10

Clear Creek (16) 2007 10 35.1788 -97.2651 2

Council Creek (17) 2007 27 35.1569  -97.0895 19

Dave Blue Creek (18) 2007-2008 29 35.1895 -9710347

Elm Creek (19) 2007 15 35.2908 -97.3488 7

Hog Creek (20) 2007 18 35.3193 -97.2496 2

Pecan Creek (21) 2007-2008 145 35.2031 -97.1179




Table 2. Mixed model ANCOVA results testing for effects of habitaggstror
reservoir), Centroid size (allometry), reservoir basin of capture (Basid)
population nested within the basirhabitat interaction on morphological index
scores from individuals collected from stream and reservoir habitats.

Partial Relative Significance
Test for variance (]zp) variance F df p
Habitat 0.48 1.00 12.63 1,13.99 0.001
Basin 0.46 0.96 2.03 6, 14.03 0.13
Centroid size 0.33 0.69 261.89 1,529 <0.001
Pop (Basirx Habitat) 0.20 0.42 9.92 13, 529 <0.001
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Table 3. Pearson correlation coefficients between superimposed landmarks and
morphological index scores. Coefficients >0.40 are in bold and the directionality of
the landmark shifts is presented for stream populations relative to reservoir
populations (i.e., movement of landmarks reflect the shifts from stream populations
to reservoir populations).

Landmark Coefficient Direction

X1 +0.84 Posterior
Y1l +0.20 —
X2 +0.33 —
Y2 +0.65 Dorsal
X3 -0.02 —
Y3 -0.11 —
X4 -0.13 —
Y4 -0.25 —
X5 +0.15 —
Y5 +0.42 Dorsal
X6 -0.11 —
Y6 +0.37 —
X7 -0.05 —
Y7 +0.32 —
X8 +0.25 —
Y8 -0.35 —
X9 -0.31 —
Y9 -0.62 Ventral
X10 -0.76 Anterior
Y10 -0.27 —
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Table 4. Results from three mixed model ANOVASs testing for population level
differences, treatment (predator or non-predator) and parental effects oorB€ s
of size corrected body shape variables (PC |, I, and III).

Partial Relative Significance
Dependant Test for variance (]Zp) variance F df p
PC1(49.9 %) Population 0.342 1.00 5.473 1,10.52.040
Parents (Population) 0.152 0.44 4385 10,244 40.00
Treatment 0.022 0.06 5.435 1,244 0.021
PC Il (17.4 %) Parents (Population) 0.384 1.00 25.2 10,244 <0.001
Treatment 0.047 0.12 12.003 1,244 0.001
Population 0.240 0.63 3.205 1,10.20 0.103
PC Il (9.6 %) Parents (Population) 0.305 1.00 86.6 10,243 <0.001
Treatmentx Population 0.033 0.11 8.36 1,243 0.004
Treatment 0.006 0.02 1.505 1, 243 0.221
Population 0.044 0.14 0.47 1,10.20 0.508
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Table 5. Results from repeated measures ANOVAs testing the effecatafent
(predator or non-predator) and population of origin (reservoir or stream) on PC
scores of size corrected shape variables (PC I, II, and Il1).

Response Source Hypothesis df Error df p
PC1(49.9 %) Treatment 1 10 0.146
Population 1 10 0.013
Treatmenk Population 1 10 0.514
PC Il (17.4 %) Treatment 1 10 0.017
Population 1 10 0.108
Treatment Population 1 10 0.987
PC Il (9.6 %) Treatment 1 10 0.507
Population 1 10 0.351
Treatmentx Population 1 10 0.252
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Figure 1. The 10 landmark locations setmhutrensis photographs for geometric
morphometric analyses: 1) tip of the snout, 2) corner of the mouth, 3) center of the
eye, 4) back of the skull, 5) anterior insertion of the dorsal fin, 6) insertion of the
last dorsal ray on the caudal fin, 7) insertion of the last ventral ray on the iaudal
8) anterior insertion of the anal fin, 9) anterior insertion of the pelvic fin, and 10)
anterior insertion of the pectoral fin.
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Figure 2. Morphological variation i@. lutrensis between stream and reservoir
habitats. Grids are thin-plate spline transformations from specimen aleagshe
morphological index at the observed scale. Vectors below transformatiats refl
the direction and magnitude (magnified 3 times to ease interpretation) of each
landmark movement between habitats. Vectors point in the direction landmarks
moved from stream habitats to reservoir habitats. Lines are drawn betwee
landmarks to aid visualization.
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Figure 3. MeanzSE morphological index scores of stream populations (closed
circles) and reservoir populations (open circles) from each reservoir bassamS
sites from Lake Thunderbird and Lake Texoma are numbered according to Table 1.
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Figure 4. Relationship between the distance of stream populations from their
respective reservoirs and the difference between reservoir and strephological
index scores fr= 0.34, k¢= 6.22, p = 0.047). Symbols indicate the different
reservoir basins: Arcadi®(), Canton Q©), Fort Cobb ¥), Grand \), Oogalah
(M), Texoma ), and Thunderbird€).
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Figure 5. Morphological variation @. lutrensis between stream population and
reservoir population offspring, and between offspring reared with and with out a
predator. Grids are thin-plate spline transformations from specimen means
(observed range) between populations (above) and predator treatments (below).
Vectors below transformations reflect the direction and magnitude (mabaifie

times to ease interpretation) of each landmark movement between populations and
between predator and non-predator reared offspring. Vectors point in the direction
landmarks move from the stream population to the reservoir population and from
the non-predator reared offspring to the predator reared offspring. drmesawn
between landmarks to aid visualization.

Stream population

No predator present

78

Reservoir population

Predator present




Figure 6. Mean+SE PC | and Il scores of mean offspring from each parent-
treatment combination (i.e., each mesocosm) of offspring spawned fromwaieser
(n = 4 parents) and stream population (n = 8 parents) and reared in predator and

non-predator treatments.
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Appendix A: Spatial distribution of field collections.
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Figure Al. Reservoir basins where body shape variati@h lofrensis was
assessed using geometric morphometrics. Letters next to resesmg ba
correspond to letter IDs in Table 1.
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Figure A2. Sample locations of reservoir (filled circles) and stream pamdd(filled squares) within each basin. Reservoir
basins are labeled with letters corresponding to letter IDs in Table 1 amllFi@ample sites are labeled with number IDs
from Table 1.

(a) Canton Lake (c) Grand Lake O' the Cherokees (e) Fort Cobb
(10)

P 5

Km
0255 10 15 20 A

(b) Lake Arcadia

(f) Lake Texoma

Km

0510 20 30 40 A
O ——

Km
0510 20 30 40
T




Appendix B: Preservation effects on body shape variation

To assess the effects of type of preservative and time of preservation on
shape variation of fish, 107 male lutrensisin breeding condition were collected
from Pecan Creek near Lake Thunderbird, Oklahoma, USA on August 6, 2008
(Table 1). Fish were euthanized using MS222 and immediately preserved in 10%
formalin solution and placed in individually numbered 177 ml glass jars. After 7
days in formalin, all individuals were photographed for geometric morphometric
analyses. Formalin was then rinsed from 53 haphazardly selected individuals and
replaced with tap water. The other 54 individuals were kept in 10% formalin.
Three days later, the tap water was replaced with 50% isopropyl alcolooh(aon
museum preservative). All individuals were then photographed on September 22,
2008 (45 days after initial preservation) and November 18, 2009 (421 days after
initial preservation).
Geometric morphometric and data analysis

All individuals (each photographed 3 times) were subjected to geometric
morphometric analysis as described abdeo(netric mor phometrics sectior). To
remove the effect of allometry on shape variation, unstandardized residuals wer
saved from a preparatory MANCOVA model with shape variables as dependant
variables and centroid size as a covariate. A Principal Component Analysis (PC
using a covariance matrix was then used to reduce the dimensionality of the shape
variables. Only axes with eigenvalues > 1 were saved for analyses. To test the
effects of preservation (50% isopropyl alcohol versus individuals kept in 10%

formalin solution) and time on shape variation, separate repeated measureAANOV
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with each PC axis as the dependant variable were performed. The repeatee@ meas
was time (Day 7, 45, and 421) and the between subjects effect was type of
preservation (i.e., formalin or isopropyl alcohol). When the assumption of
sphericity was rejected (Mauchly’'s Test), degrees of freedom wgrstad using
the Greenhouse-Geisser adjustment.
Results

Five PC axes explained 76% of the variation in shape. Repeated measures
ANOVA indicated significant effects of time and preservation on shape (Bable
Time had significant effects on all PC axes, type of preservative only haficsighi
effects on the first PC axis, and the time-preservation interaction hadcaghifi
effects on three PC axes (Table B1). Individuals placed in 50% isopropyl alcohol
showed the greater divergence over time on the first PC axis compared to
individuals retained in 10% formalin (Fig. B3).
Conclusion

These results suggest time and type of preservation have significatd effec
on shape variation @. lutrensis. Because type of preservation only had significant
effects on the first PC axis and time had significant effects on all 5 BCtare
since preservation likely has stronger effects on shape than type of preservation.
Although museum specimens will undoubtedly be valuable assets for assessing
shape variation using geometric morphometrics, one should be aware of potential
variation in shape introduced into analyses attributable to effects of ptesearad

time.
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Table B1. Results from 5 separate repeated measures ANOVA on each PC axis
describing shape variation. Non-significant interactions are not presefrred.
degrees of freedom with Greenhouse-Geiser adjustments are indicatéd with

Response Source Hypothesis df Error df P
PC | (28.2%) time 1.65 172.72" <0.001
treatment 1 105 0.004
time x treatment 1.65 172.72" <0.001
PC 11 (21.4%) time 1.68 176.20" <0.001
treatment 1 105 0.32
time x treatment 1.68 176.20" 0.003
PC Il (10.9%) time 1.62 169.80" 0.001
treatment 1 105 0.4
PC IV (8.6%) time 2 210 <0.001
treatment 1 105 0.136
PC V (6.9%) time 1.66 173.98" <0.001
treatment 1 105 0.546
time x treatment 1.66 173.98" <0.001
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Figure B3. Mean PC axes scores of size corrected shape variaBldatodnsis
preserved in 50 % isopropyl alcohol and individuals kept in 10 % formalin
photographed 7, 45, and 421 days after initial preservation. Error bars are 95 %
Confidence Intervals.
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CHAPTER 3
ANNUAL VARIATION OF COMMUNITY BIOMASS IS LOWER IN MORE
DIVERSE SREAM FISH COMMUNTIES
Nathan R. Franssen, Department of Zoology and Sam Noble Oklahoma Museum of
Natural History, University of Oklahoma, Norman, OK
Michael Tobler, Department of Zoology, Oklahoma State University, Stélw&tK
Keith B. Gido, Department of Biology, Kansas State University, Manhattan, KS
Formatted for Oikos
Abstract
Anthropogenic influences have disproportionally affected freshwater

ecosystems, and a loss of biodiversity is forecasted to greatly reducstenosy
function and services. Loss of species may destabilize communitiesitnygithe
stabilizing forces of compensatory dynamics and/or statistical angrdmpth of
which are effects that can buffer variation in aggregate community pespert
Currently, support for positive diversity-stability relationships stems fr
experiments with simple communities at small spatial and tempora$ saakt
application to natural communities is limited. Using a long-term dat&8&t o
stream fish communities matched with hydrologic data, we show that corgmunit
stability (annual variation of standing biomass of fishes) was lessbl@in more
species-rich communities and was not associated with stream hydrolobyth©
statistical averaging model of community stability was consistehtatiserved

patterns of lower biomass variation in more species-rich communities. OungBndi
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suggest anthropogenically induced extirpation of vertebrate consumerewieay |
community biomass stability in complex ecosystems.
Introduction

Rapid loss of global biodiversity has prompted concern for the effects of
reduced species richness on ecosystem stability and functioning (aakrh994;
Naeem and Li 1997; Loreau et al. 2001). The diversity-stability hypotbesigts
that higher species richness can reduce variation in community aggrexsdips
— such as biomass — through compensatory dynamics or statistical avaraging;
total community biomass remains relatively stable, whereas population biomass
fluctuates over time (McNaughton 1977; Pimm 1984, Tilman and Downing 1994;
Doak et al. 1998; Lehman and Tilman 2000). Experimental evidence from
grassland and microbial communities suggests that increased speciessricéum
indeed stabilize community aggregate properties and subsequentlyeafisgstem-
level processes (Cottingham et al. 2001; Balvanera et al. 2006; Cardirlale et a
2006; Hector et al. 2010). However, the effect of species richness on théyspbili
consumer communities (e.g., primary and secondary consumers) has received less
attention, despite the fact that consumer biomass at least partiall\tesgrargy
availability to both higher trophic levels and decompositional components of food
webs.

Although a positive relationship between species richness and community
stability is supported by evidence from simple communities in field and lalbpprat
experiments conducted at small spatial and temporal scales (Cardiala20e2;

Seabloom 2007; Jaing and Pu 2009), the influence of natural environmental
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gradients on both species richness and stability has been largely ignored (Hooper et
al. 2005; Hughes et al. 2007; Ives and Carpenter 2007). Because of potential
nonlinear relationships between species richness and ecosystem function,
extrapolation from small-scale empirical studies of simple communmdtiesre
complex community dynamics at larger spatial scales may be diffitmimerson

et al. 2001; Hooper et al. 2005; Srivastava and Vellend 2005), and logistics often
preclude manipulation of natural communities. Thus, observational studies have
assessed relationships between species richness and community-lemrgtgyna
using natural ecological gradients or environmental variation (e.g., Frank and
McNaughton 1991; Troumbis and Memtsas 2000; Valdivia and Molis 2009).
Whereas directly testing mechanistic linkages between diversity amttgtin
observational studies may be limited, such studies can be used to evaluate
relationships predicted from small-scale experiments at scalesneteva
conservation (Hooper et al. 2005). Such studies are particularly needed in
freshwater ecosystems (Dudgesiral.2006) and for species in higher trophic level
communities (Petchey et al. 2004) that are disproportionately threatened by
anthropogenic influences.

To assess the relationships between species richness and community stability
in consumers, we investigated patterns between temporal fish community diomas
stability (hereafter, community stability) and fish species richnssgy long-term
community surveys at 35 sites in the central plains of North America (Appendix A)
Because our fish communities were distributed over a large spatelisea

hundreds of kilometers), they naturally varied in species richness and coomositi
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and were exposed to gradients of stream size and flow conditions. Streams in this
region are subjected to extreme flow conditions that can alter numerical abemdanc
of fishes (Ross et al. 1985) and generally make these streams harsh eswvisonm
(Dodds et al. 2004). Therefore, we tested for associations between spaciesstic
hydrologic fluctuations, and temporal community stability.

We observed patterns to evaluate three potential, non-mutually exclusive
mechanisms that could contribute to more species-rich communities being more
stable: statistical averaging, overyielding, and covariance effeotk (€t al. 1998;
Lehman and Tilman 2000; Cottingham et al. 2001). Statistical averaging (sensu
portfolio effect;Tilman 1999) draws analogy with financial investments as relative
fluctuations in a diversified portfolio are lower compared to a single or few
investments. Statistical averaging effects would be supported if: 1) the &#8mpor
variance of species?sscales with their mean biomass (m) with a constant{g) (s
cnY), such that 1 < z < 2, and increases in strengttapgmaches 2 (Doak 1998;
Tilman et al. 1998) and, 2) sum variances decrease in more species-rich
communities. In addition, increased biomass evenness among species would
strengthen this effect by reducing the relative ‘investment’ in eaclespsed
increased synchrony of assets (i.e., species abundances) over time kel wea
strength of statistical averaging (Schindler et al. 2010). Accordinglyowered
relative fluctuation in biomass of species-rich communities has been detieras
the ‘insurance value’ of species richness (Naeem and Li 1@€%&yielding occurs
when total community biomass is increased while variation in total community

biomass remains relatively constant. This may happen if higher spehigsssc
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increases overall niche occupancy, allowing more resources to be converted to
biomass. For example, consider two communities over time: community A has 5
species with a mean annual biomass of 100 g per unit area and community B has 10
species with 200 g per unit area. If both communities demonstrate the same annual
variation in biomass (e.g., standard deviation = 10 g), community B is réjative
more stable than community A. Theeryielding effect would be supported if mean
community biomass increases as communities become more species rich while
variability of biomass stays constant. Finally, tbeariance effect stabilizes
community biomass by reducing the covariance in biomass over time among
species. Over time, the abundances of species can covary positively (species
increase and decrease synchronously), neutrally (species increase argbdecrea
randomly relative to each other), or negatively (species increase andsdecre
asynchronously, i.e., as species A increases, species B decreases prdéigprtiona
Higher species richness can increase niche overlap among community syember
hence increasing competition and asynchronous species abundances over time. To
support thecovariance effect, total covariance (summed covariance between all
species pairs) should be negatively associated with species ricliniasseased
species richness results in more asynchronous species fluctuations evertim
community stability may increase, however average species st§bdpylation
stability) may actually decrease in more species-rich communities.

In the present study, we tested for associations between species richness,
environmental variability, and community and population stability. Overall, we

show that the annual standing community biomass of more species-rich
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communities was more stable over time and demonstrate that stafigécading
could explain this positive association.
Materialsand Methods

Stream hydrology

To assess possible effects of variation in environmental conditions on
community and population stability, we quantified stream hydrology using
discharge data obtained from United States Geological Survey (USGiMgau
stationdocated at each sampling location (http://waterdata.usgs.gov/ok/nwis/rt;
Appendix B). Specifically, we enumerated the magnitddeation, and timing of
extreme flow conditions to characterize stream hydrology using Indiaaftors
Hydrologic Alteration (IHA) software, version 7, 2007 (Richter et al. 1996;
Appendix C). Each site had sufficient data to quantify flow parameters for a
minimum of 20 years as suggested by Richter et al. (1996; Appendix B).
Parameters incorporated flow characteristics that potentiallgtdifbes over a
wide range of temporal scales (i.e., days to years) and were chosembaseir
potential influence on annual habitat availability (mean annual flow, numbercof zer
flow days), variation and predictability of flow (annual Coefficient of Viaoia
(CV) in flow, flow predictability, constancy/predictability), predioiizty of floods
(percent of floods in 60 day period), flow constancy (base flow index), annual
difference in extreme flows (date of minimum and maximum flow), and teeofat
flow change during high flow events (rise rate, fall rate, number ofsalse
Appendix C). The parameters chosen could affect fishes directly, e.g., through

physical loss of habitat or disruption of reproductive efforts, and indiregtly b
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affecting resource availability (i.e., algae growth or abundance ofiaquat
invertebrates). Each parameter was appropriately transformed to appgeoxima
normality (Appendix C) and a Principal Components Analysis (PCA) based on a
correlation matrix was used to summarize variation in flow conditions among sites
Only axes with eigenvalues above 1 were retained for analyses.

Fish communities

Fish communities were monitored at 35 sites located along 19 streams in
Oklahoma, USA, between 1978 and 2008 (Appendix B). On average, each site was
sampled 2.2 times a year for 21 years by Jimmie Pigg and Randy Parham of the
Oklahoma Department of Environmental Quality (range = 12 — 23 yrs; Appendix
B). Fishes were collected from wadable habitats with seines along ~200 m of
shoreline for 1 hr during each sampling event. All specimens were présersge
in 10% formalin and each species’ mean annual biomass was quantified for each
site to the nearest 10 mg. Because high or very low flow conditions during a given
sampling event may have created potential sampling biases, annual fish communit
biomass was estimated by averaging species biomass from multlptionok each
year (Appendix B). Only small-bodied species (< 200 mm maximum length; Miller
and Robison 2004; Appendix D) were included in analyses because seines are
inefficient at capturing adult large-bodied fishes.

We assumed sampling efficiency was constant across all years and sites,
species did not vary in susceptibility of capture at each site, all speesenpat a
site were captured, and species were not falsely reported as being prasstd.a

Sampling efficiency could potentially have been lower in larger streamsblyossi
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violating efficiency assumptions and artificially inflating communityrbass

variation at these sites. We quantitatively tested this possibility hyding the

effects of stream hydrology (which largely varied as a function of stsgamsee
Results below) as a possible driver of community stability (see Discuissiow).
Furthermore, lower sampling efficiency in larger, more species-iearas would
decrease community biomass stability in our dataset, a pattern opposite to
theoretical expectations. Consequently, biomass stability in larger, nemiesp

rich streams is likely under- not overestimated. Because of the geogilsgthices
among collection locations, we also assumed fish populations varied independently
among sites.

Species richness at each site was calculated as the mean number of fish
species observed each year over the entire sampling period. To address potential
sampling biases, we also scrutinized our species richness estimate siteeasing
individual-based rarefaction in EcoSim version 7 (Gotelli and Entsminger 2004).
Estimates of rarefied species richness were based on 1000 individuals and 1000
iterations for each yearly collection and site. Two sites did not have arly ye
collections of >1000 individuals and were dropped from the analysis,, tregan
species richness and lggnean rarefied species richness were highly correlated
(Pearson correlation, n = 33; r = 0.945; P < 0.001), and the use of mean rarefied
species richness opposed to mean number of actually observed species in
subsequent analyses did not yield qualitatively different results (not showsgd Ba
on a standardized sampling effort among sites, use of average biomass, and

exclusion of large bodied fishes, our protocol represented an estimate of annual

93



standing biomass and temporal variation in biomass of small-bodied fishes from
shallow, wadable habitats at each site.

Species richness of community/population stability

We defined community stability (S) at each site as the mean annual biomass
relative to its standard deviatiop/¢) over time (inverse of CV; Tilman 1999;

Lehman and Tilman 2000; Tilman et al. 2006). Mean population stability for each
community was calculated as the mean annual species biomass stabilibyeover t
sampling period, averaged across all species in the community.

Separate stepwise multiple regressions were used to predict community
stability and mean population stability using four independent variablegnstrea
hydrology (PC axes I, I, and Ill) and species richness. Observebmnslaps
between species richness and community stability may be confounded by
correlations between species richness and environmental factors. Sjchaess
often increases with stream size (i.e., flow variability, see streanolbggrresults
below; Angermeier and Schlosser 1989). Species richness positively and
significantly correlated with stream hydrology (only the first R@,aPearson
correlation, n = 35, r = 0.37, P = 0.028). We therefore interpreted partial correlation
coefficients from variables that were not selected in the final modelsdassabeir
contribution to predicting each dependant variable.

Community stabilizing mechanisms

To test whether statistical averaging was driving a positive specieess-
community stability relationship, a power function was fitted between eaclespe

mean annual biomass (m) and their temporal variance of biomips8ésause
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statistical averaging effects will reduce the sum variance in moreespezh
communities, we also tested this relationship using linear regression. Fuamderm
because increased biomass evenness among species strengthens tlo¢ effects
statistical averaging, we assessed the relationship between sypbriess and
community evenness using linear regression. Mean community evenness was
calculated from evenness of biomass among species during each year asidgite
Pielou's evenness index (J; Pielou 1966):

J = (H/H),
where H is the Shannon diversity index and H’ is the maximum possible H.

To assess potential overyielding effects on community stability, each
community’s species richness was regressed against mean total annuahtym
biomass, whereby more diverse communities would be expected to have a higher
total community biomass. Finally, to evaluate the covariance effect, sumacmea
among species were made positive by adding a constant (60,000) to all data points,
then square root transformed to approximate normality, and regressed against
species richness. If competitive interactions were important in nrangai
community stability, sum of covariance would be expected to become more
negative as species richness increases.

Community structures

Because of high environmental variability and the mobile nature of fishes,
species turnover within sites may be high. We tested whether species tumnove
communities could be predicted with stream hydrology or species richness using

stepwise linear regression. We assessed mean annual species turremresiat e
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by quantifying presence/absence of species in each year and site (Demddvidy
1977; Meffe and Berra 1988). Species turnover was calculated as:
T = (C+E)/(3+S),

where T is species turnover, C is the number of species colonized, E is the number
of species extirpated, and &d $ are the number of species in each sample. T
ranges from O (no turnover) to 1 (complete turnover).

To approximate normality, all variables wereilpgansformed prior to
analyses described above unless otherwise stated. Mean community turnover and
evenness were arcsine-square-root transformed prior to analyses.tigtlcata
analyses were performed in SPSS 16.0 (SPSS, Inc., Chicago, IL, USA). Sum
covariances and sum variances were quantified using MATLAB 6.5 (The
MathWorks, Natick, Massachusetts, USA).
Results

Stream hydrology

The first three PC axes explained 75.2 % of the variation in stream
hydrology among sites (Appendix C). Along PC axis | (explaining 50.6 % of the
variation), positive scores were associated with mean annual flow, dateiofum
flow, and rise and fall rates; negative scores were associated wifitiemt of
variation in flow and number of zero flow days per year. The first PC axis
predominantly reflected a gradient of stream discharge across our stadyrare
general, stream localities increased in size due to increased ptexi@tad greater
drainage areas from west to east as they drain this region (Appendix E¢. wire

no other obvious spatial correlations with the other two PC axes.
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Species richness and community/population stability

In a regression model with stream hydrology (PC axes |, II, and IIl) and
species richness as independent variables, species richness was thdaiigy var
retained in predicting community stability (n = 3%, 7.38, B = 0.18, P = 0.01;
Fig. 1a). On average, total community biomass variation with 19 species was
predicted to be 1.7 times less than the variation of biomass in communities with 5
species. None of the stream hydrology PC axes were significant enough to be
included in the final model, but stream size (PC I) showed the strongest (and
negative) association with community stability (Table 1). Conversely, P43 the
only variable retained when predicting population biomass stability (n = 357 F
23.59, R =0.42, P < 0.001; Fig. 1b); population stability significantly declined in
larger streams with less flow variability. Contrary to our prediction, tla¢ieakhip
between species richness and population stability was not significant {jable

Community stabilizing mechanisms

When fitting a power function between population biomass (m) and variance
in biomass (§, mean-variance scaled such that z = 1.69 (n = 988;+39207.05,
r* = 0.98, P < 0.001; Fig. 2a). The power function fitted to the most abundant
populations at each site (i.e., species that comprised at least 20% of the total
biomass during any year and contributed the most biomass to communities) scaled
by z = 1.60 (n = 218,1316= 1764.98,7= 0.89, P <0.001; Fig. 2b). Our data also
indicated a significant inverse relationship between summed variancesiekspec

over time and species richness (n = 354E 6.53, f = 0.17, P = 0.015; Fig. 2c). In

97



more species-rich communities, biomass was further spread out more evendy amon
species (n = 35,1,= 636, f = 0.16, P = 0.017; Fig. 3).

Mean annual community biomass did not increase in more species-rich
communities (n = 35,,k4= 2.09, P = 0.16)In contrast, covariance among species
significantly decreased in more species-rich communities (n =,35:#2.23, f =
0.27, P < 0.001; Fig. 4a). However, only three of the 35 communities had negative
sum covariance, and these communities were only moderately species rich)(Fig. 4a

Community structures

Stream hydrology presumably influenced the identity and persistence of
species in each community during the sampling period. Community structure varied
over time, and PC | was the only variable retained when predicting spatieser
(i.e., higher species turnover in larger streams with less flow vatyalil= 35, F 34
=20.69, f = 0.39, P < 0.001; Fig. 5). Variables not selected in the final model only
showed non-significant relationships with community turnover (Table 1.)
Discussion

Similar to other studies at smaller spatial and temporal scales, we found a
positive relationship between species richness and community stability. tioddi
community stability was not significantly related to stream hydrold@ynversely,
population stability did not decrease in more species-rich communities, but &arie
a function of stream size (PC I). Of the three possible mechanisms we iatestig
explaining the stabilizing effects of species richness on community stabilit

data only supported the statistical averaging model.
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Community stabilizing mechanisms

Several pieces of evidence suggest statistical averaging likelyzsdbil
species-rich communities. First, the mean-variance scaling of paoubaimasses
was greater than 1 both for all species and the most abundant species pessdEnt a
site. Second, as predicted, sum variance of species decreased in moreispecies
communities. Finally, as communities became more species-rich, biomass was
distributed more evenly among species.

Because mean annual community biomass did not increase in more species-
rich communities, the overyielding effect was not a major contributor in stabiliz
community biomass. The overyielding effect is thought to occur when adding
species increases the over-all niche space occupied and allows for conversion of
more resources to biomass. However, the increase in richness across tise specie
richness gradient was largely attributable to increases of spedmsfamtilies
Cyprinidae and Percidae (Fig. 6a). This phenomenon is common in freshwater fish
communities, where species richness increases with additions of speciesamée
families rather than by adding species from new families (Fig. 6b; Metth898).
Because we assessed small-bodied fish communities and species of Cyauida
Percidae can be ecologically similar, the addition of species fronathe mmily
likely did not increase total niche occupancy as much as if species richness
increased by additions of species from different families.

If the increased frequency of ecologically similar species §pecies in the
same family, see Fig. 6b) in more species-rich communities increaseetitora

interactions, the decline in the sum covariance among species along the richness
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gradient could have reduced the variation in annual community biomass in some
communities. However, this was not a consistent trend across the speciesrichnes
gradient, suggesting the covariance effect was not stabilizing commsur@idy

three of the 35 communities had a negative sum covariance, and the decline in sum
covariance along the richness gradient was not due to more negative covdmances
rather covariances nearing zero. Summed covariance nearing zerosuggest
populations in more species-rich communities did not increasingly covary as
predicted if competitive interactions were strong, but to a certain diietuated
randomly relative to each other.

Competitive interactions for food resources, overall, may be relatively weak
in this system because of where these fishes feed in the food web. The species
investigated feed on invertebrates, algae, and detritus. Invertebrate modacti
be limiting for stream fishes, but food resources like detritus and algaeelye ifa
ever, limiting (Moyle and Light 1996). Although we used a long-term data set
environmental conditions during this period could have been favorable for most
species, and competitive interactions may have only been observed if communities
had experienced “ecological crunches” (Weins 1977). If competitive or trophic
interactions are relatively weak in this system (as suggested by wectitins
among the fishes investigated here), entire food webs may be stabilizedginyila
low interaction strengths (McCann et al. 1998).

Although community stability was significantly associated with species
richness, other environmental factors could have contributed to stabilizingspeci

rich communities. Species richness generally increases from west to ea

100



Oklahoma with the highest species richness occurring in the Ozark uplands in
northeastern and the Ouachita mountain region and Red River in southeastern
Oklahoma. Most urban centers in Oklahoma are found in central and north central
regions of the state, with much lower population densities in east and southeast
Oklahoma, which coincide with the highest fish species richness. Consequently,
fish communities in these regions have likely experienced lesser habitat
modifications compared to communities in central parts of the state. Therefore,
community structures in these species-rich regions may have been kept axire int
and experienced fewer human induced disturbances compared to more urbanized
areas.

Effects of environmental variability and community structure

In spite of the fact that highly variable stream flows can increase the
variation in the number of fish individuals present at a given site over time (Ross e
al. 1985; Oberdorfét al. 2001), we found no evidence of stream flow variability
influencing the variation in total biomass of fishes. This is perhaps because the
streams we investigated were larger and less variable in annual flowrednpa
previously studied systems. Oberdorff et al. (2001) showed increased variation
(CV) in several metrics of fish densities and population sizes in relation eagedt
CV of annual discharge of streams. However, the CV of annual discharge of our
stream sites ranged from 1.3 to 12.09, far below the range of CV (roughly 30 - 75)
in annual discharge Oberdorff et al. (2001) observed. Indeed, fishes subject to
higher relative flow variability in smaller and especially intetemt streams

experience more environmental stressors (e.g., low/high temperature,\iggnox
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drying) compared to larger streams with more stable flows (Schlosser 18%Q)x
system, stream hydrology likely had little influence on the variation imoamity
biomass because of the relative contribution of stream flow versus other abiotic
(e.g., habitat availability/suitability) or biotic (e.g., speciebmiss) drivers of
community biomass variation.

Although population stability did not decrease in more species-rich
communities, relationships between population stability and stream hydrology and
species turnover confounded this observation. Population biomass stability
significantly decreased in larger and less variable streams. The negsthgation
between stream size and flow variability is attributable to the averagimibutary
inflows in larger streams. We suggest the variation in population biomass over time
could have been inflated in larger streams for several reasons. First, population
stability could be reduced if species—albeit present—were more incongistentl
collected in larger streams on a year-by-year basis. Because onlyeviadbivats
were sampled, collection efficiency was likely higher in smaller stseaith less
deep-water habitats compared to larger streams. Larger streamasuafly provide
more heterogeneous habitats that may not have been represented in the 200 m of
stream shore sampled at each site. Second, higher species turnover iméhrger a
less variable streams could be attributable to vagrant species emigrating
immigrating in sample reaches. Lastly, because sampling occurred eletiaety
long time period (i.e., up to 30 yrs), the lower population stability in largesrss
may reflect long-term alteration of community structure by habitat madtidic.

Because of the hierarchical nature of stream networks, downstream rdaaliies
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suffer accumulative effects of impoundments and water withdrawal in upper
reaches. Although we cannot be certain, sampling efficiency could have been more
variable in larger streams, thus lowering population stability in these habitats
Indeed, population and community stability were positively correlatedqd&ea
Correlation, r = 0.55, P = 0.001), and thus more variable sampling efficiency in
larger streams possibly introduced artificial variation in community biomabese
habitats (evidenced by the non-significant negative trend between PC | and
community stability; Table 1). If sampling efficiency reduced commystdability

in larger, more species-rich streams (species richness and PCdligletly
correlated), our estimate of community stability may actually reptes
conservative estimate. Therefore, even if potential sampling efficl@asgs
affected stabilizing effects of species richness on annual variation in compmunit
biomass, we have likely underestimated the effects of species richness on
community biomass stability in this system.

Community stability and conservation

Although consumer community stability across sites was relatively low
compared to communities of primary producers (Tilman et al. 2006), the predicted
insurance value of species in these communities suggests species riahness ¢
increase the constancy of annual biomass in higher trophic levels. Speciessrichne
effects on community biomass stability in higher trophic levels would be edpecial
important for ecosystems with inverted biomass pyramids (e.g., lakes, marine
systems; Odum 1971). Indeed, biomass available to detritivores and top predators

can at least partially depend on the biomass of consumers, such as the fishes
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investigated here. The trophic ecology of most freshwater fishes antcbtheir
ecosystem processes are largely unknown. However, top down effects of fishes can
physically structure habitats for aquatic invertebrates and influencanyrim

production (Gelwick and Matthews 1992; Power 1992; Flecker and Taylor 2004).
Fishes also can act as energy conduits to higher trophic levels (Stegtraketz

2003) and have profound effects on nutrient cycling in aquatic ecosystems
(Mcintyre et al. 2007; Schindler 2007; Mclntyre et al. 2008).

The long-term effects of anthropogenically induced extirpations and altered
community structures are unknown, but will likely have unforeseen consequences to
ecosystem processes (Tilman et al. 1994). Based on the data presented hese, speci
richness may influence the constancy of annual vertebrate community biomass, but
species richness in this region and other aquatic systems will likelywgert be
threatened by water withdrawal and development (Poff et al. 2007). Because
statistical averaging effects were likely responsible for stafglicommunities in
this system, these stabilizing effects could be reduced by not only hyatistir of
species, but also by altered community structures (e.g., lower evennabsugAl
the ecosystem level effects of these fishes are relatively unknown, osugdgest
species richness has community stabilizing effects at scales thateaamt to

conservation.
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Table 1. Regression results of independent variables not included in the final model
from stepwise regression predicting community stability, population $yalaihd
community turnover using species richness and flow variability (PCdndl,lll) as
independent variables. Each estimate is the standardized regressioneceffadi

would result if the variable were entered into the equation at the next step.

Dependant Independent Estimate t P Partial r  Partial r’
Community
stability PC1 -0.312 -1.912 0.065 -0.320 0.102
PC 2 -0.073 -0.433 0.668 -0.076 0.006
PC3 0.026 0.163 0.872 0.029 0.001
Population
stability Richness 0.239 1.717 0.096 0.290 0.084
PC 3 -0.229 -1.776 0.085 -0.300 0.090
PC 2 0.002 0.016 0.987 0.003 0.000
Community
turnover PC 2 -0.161 -1.179 0.247 -0.204 0.042
PC 3 0.132 0.955 0.346 0.167 0.028
Richness -0.111 -0.743 0.463 -0.130 0.017
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Figure 1 (a), Relationship between legspecies richness and lggommunity
stability (n = 35, 3= 7.38, R=0.18, P = 0.01). (b), Relationship between stream
hydrology (PC I) and log mean population stability (n = 35; &= 23.59, R =
0.42, P <0.001). Positive PC | scores associated with mean annual flow, date of
minimum flow, and flow rise and fall rates; negative PC | scores assoaath

coefficient of variation of mean annual flow, and median number of days with no
flow.
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Figure 2. (a), Relationship between all species’ mean annual biomass and their
temporal variance ts 5.95nt°* n = 979, ko77= 39207.05,7= 0.98, P < 0.001).

The fitted lines are the power functions where z = 1 and z = 2 using the constant
5.95. Axes are lag scaled to allow maximum separation of points. (b),

Relationship between the most abundant species’ mean annual biomass (i.e., species
that comprised at least 20% of yearly biomass collections at eachsitiedr

temporal variance {s 8.70mt®% n = 218, k,16= 1764.98,7= 0.87, P < 0.001).

Fitted lines are power functions where z = 1 and z = 2 using the constant 8.70. Axes
are logo scaled to allow maximum separation of points. (c), Relationship between
species richness and sum variance of population biomass (n £335,653, f =

0.17, P = 0.015).

Variance annual biomass
<)
w

10! 102 108

Mean annual biomass (g)

Variance annual biomass

100 10 102 103
Mean annual biomass (g)

(c)

Log,, X Variance
o
O
o
O

o7 08 09 10 11 12 13

Log,, Species richness

114



Figure 3. Relationship between {ggpecies richness and mean community
evenness (J) (n = 35, = 6.36, f = 0.16, P = 0.017).
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Figure 4. Relationship between {ggpecies richness and sum covariance (Square
root(X + 60000)); (n = 35, 4= 12.23, f = 0.27, P < 0.001). The dashed line
indicates zero covariance on untransformed data.
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Figure 5. Relationship between stream hydrology (PC I) and mean sjpecmser

in each community (n = 35, = 20.69, ¥ = 0.39, P < 0.001). Positive PC | scores
associated with mean annual flow, date of minimum flow, and flow rise and fall
rates; negative PC | scores associated with coefficient of variatiorasf annual
flow, and median number of days with no flow.

08} O

0.7

06|

05}

04+

Turnover (Asin(sqrt(T)))

03}

Stream hydrology (PC axis |)

117



Figure 6. (a), Mean number of species in each family and mean number of species
at each site over the sampling period. (b), Relationship between mean species
richness and mean numbers of families present at each site over the sampling
period. Dashed line represents a 1:1 relationship.
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Appendix A
Localities of 35 fish communities monitored between 1978 and 2008 to assess the

relationship between community species richness and community biomasty stabil
Site identification numbers are presented in Appendix B.

Kilometers
0 50 100 200 300 400

119



Appendix B

Collection site, latitude and longitude (DD), sampling period, number of times
sampled, number of years sampled, years of flow data, and stream sizersie s
from PC | summarized using Principal Components Analysis (PCA) from the 35
sites in the central plains of North America.

Years Stream
Site Latitude Longitude Times Years of flow hydrology
ID Location (dd) (dd) sampled sampled data PC I
1 Chikaskia River 36.81139  -97.27417 41 21 73 -0.23
2 Arkansas River 36.50417  -96.72806 56 23 84 1.30
3 Cimarron River 36.92667  -102.95861 38 20 59 -2.78
4 Cimarron River 36.85194  -99.31500 58 22 43 -1.28
5 Cimarron River 35.95167  -97.91417 42 22 36 0.01
6 Cimarron River 35.92056  -97.42556 50 23 66 0.20
7 Arkansas River 35.82083  -95.63861 53 23 37 2.05
8 lllinois River 35.92278  -94.92333 56 21 74 0.16
9 Baron Fork River 35.92111  -94.83833 25 15 61 -0.43
10  llinois River 35.57306  -95.06861 57 22 72 0.91
11  Canadian River 35.54361  -98.31750 60 22 61 -0.44
12  Canadian River 34.97778  -96.24333 58 22 72 0.55
13  Beaver River 36.82222  -100.51889 31 19 72 -2.05
14  North Canadian R. 36.43667  -99.27806 52 21 73 -0.89
15  North Canadian R. 36.18333  -98.92083 27 16 63 -0.84
16  North Canadian R. 35.56306  -97.95722 56 20 78 -0.63
17  North Canadian R. 35.50028  -97.19361 59 23 41 0.00
18  North Canadian R. 35.26556  -96.20583 45 23 72 0.17
19  Canadian River 35.26222  -95.23694 38 21 71 1.74
20  Salt Fork Red River 34.85833  -99.50833 55 23 72 -1.75
21 North Fork Red River 3516806  -99.50694 53 21 64 -1.49
22 North Fork Red River  34.63806  -99.10333 57 22 76 -0.61
23 Red River 33.87861  -97.93417 53 23 71 0.59
24  Red River 33.72778  -97.15972 45 20 73 0.78
25  Washita River 34.75472  -97.25111 38 22 72 0.20
26  Washita River 34.23333  -96.97556 48 23 81 0.57
27  Blue River 33.99694  -96.24083 32 20 73 -0.51
28  Muddy Boggy Creek  34.27139  -95.91194 31 12 72 0.03
29  Red River 33.87500  -95.50167 45 23 80 1.95
30  Kiamichi River 34.63833  -94.61250 56 22 44 -1.46
31  Kiamichi River 34.57472  -95.34056 38 20 29 0.27
32 Kiamichi River 34.24861  -95.60500 41 21 37 0.54
33  Red River 33.68389  -94.69417 57 21 38 2.06
34 Little River 33.94111 -94.75833 55 22 63 0.61
35 Mountain Fork 34.04167 -94.61972 37 20 82 0.71
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Appendix C

Hydrologic parameter, parameter description, parameter transformnaiid the first Principal Components Analysis (PCA)

axis loading (percent of variation explained by each axis) of flow variati@meders quantified from USGS gauging
stations at 35 stream sites in the central plains of North America.

. _ _ PCI PCII PC 1l
Hydrologic parameter Parameter description Transformation (50.6%) (13.9%) (10.7%)
. 0 . 0 . 0
Mean annual flow Mean annual discharge (m3/s) Logyo(X + 1) 0.93 0.04 0.24
Number of zero days Median number of zero flow days per year Logio(X + 1) -0.82 0.20 0.20
Annual C.V. Coefficient of variation in annual discharge Logyo(X + 1) -0.89 0.24 -0.14
Flow predictability Flow predictability Arcsine(Sqrt(X)) -0.43 0.40 0.48
Constancy/Predictability Flow constancy/Flow predictability Arcsine(Sqrt(X)) 0.18 0.93 -0.17
Percent of floods in 60 day gercent.a%e. of T:OOdS that occur during a given 60 Arcsine(Sqrt(X)) -0.10 0.34 0.51
period ay period in all years
Base flow index Ratio of base flow to total flow Arcsine(Sqrt(X)) 0.72 0.49 -0.16
Date of minimum flow Julian date of minimum flow Logio(X + 1) 0.92 -0.20 -0.04
Date of maximum flow Julian date of maximum flow Logio(X + 1) -0.45 -0.21 0.67
Rise rate Median olf all positive differences between 0.90 012 0.31
consecutive daily values Logao(X + 1)
Fall rate Median olf all negative differences between 0.91 0.06 0.28
consecutive daily values Logao(X*-1 + 1)
Number of reversals Number of hydrologic reversals 0.57 0.31 0.03

Logio(X + 1)




Appendix D

Small-bodied fishes included in analyses to assess the influence of spesmisiydi

on temporal community and population stability of 35 long-term stream sites in the
central plains of North America, from 1978-2008. Species that comprised at least
20% of the biomass collected from each site and year are indicated with (*).

Family Species Family Species
Petromyzontidae  |chthyomyzon castaneus Cyprinidae Notropis perpallidus
Notropis potteri
Clupeidae Dorosoma petenense* Notropis percobromis*
Notropis shumardi*
Cyprinidae Campostoma anomalum®* Notropis stramineus*
Campostoma oligolopis* Notropis suttkusi
Cyprinella camura Notropis volucellus
Cyprinella lutrensis* Opsopoeodus emiliae
Cyprinella venusta* Phenacobius mirabilis*
Cyprinella whipplei* Phoxinus erythrogaster
Dionda nubila* Pimephales notatus*
Erimystax X-punctata Pimephales promelas*
Hybognathus hayi Pimephales tenellus
Hybognathus nuchalis Pimephales vigilax*
Hybognathus placitus*
Hybopsis amblops Aphredoderidae  Aphredoderus sayanus
Hybopsis amnis
Luxilus cardinalis* Cyprinodontidae  cyprinodon rubrofluviatilis*
Luxilus chrysocephalus*
Luxilus cornutus Fundulidae Fundulus blairae
Luxilus pilsbryi* Fundulus notatus*
Lythrurus fumeus Fundulus olivaceus*
Lythrurus snelsoni Fundulus sciadicus
Lythrurus umbratilis* Fundulus zebrinus*
Macrhybopsis aestivalis*
Poecilidae

Macrhybopsis australis
Macrhybopsis hyostoma
Notemigonus crysoleucas*  Atherinopsidae
Notropis atherinoids*
Notropis atrocaudalis
Notropis bairdi* Cottidae
Notropis blennius*
Notropis boops* Centrarchidae
Notropis buchanani*

Notropis emiliae

Gambusia affinis*

Labidesthes sicculus*

Menidia beryllina*

Cottus carolinae

Centrarchus macropterus

Lepomis auritus

Lepomis humilis*

122



Appendix D (Continued)

Family Species Family Species
Cyprinidae Notropis girardi* Centrarchidae  Lepomis marginatus*
Notropis greenei* Lepomis megalotis*
Notropis hubbsi Lepomis punctatus*
Notropis ortenburgeri Lepomis symmetricus
Percidae Ammocrypta clara

Ammocrypta vivax
Crystallaria asprella
Etheostoma asprigene
Etheostoma blenniodes
Etheostoma chlorosomum
Etheostoma collettei
Etheostoma cragini
Etheostoma flabellare
Etheostoma gracile
Etheostoma histrio
Etheostoma microperca
Etheostoma nigrum
Etheostoma proeliare
Etheostoma punctulatum
Etheostoma radiosum*
Etheostoma spectabile*
Etheostoma stigmaeum
Etheostoma whipplei
Etheostoma zonale
Percina caprodes*
Percina copelandi
Percina macrolepida
Percina maculata
Percina pantherina
Percina phoxocephala
Percina sciera

Percina shumardi

Elassomatidae Elassoma zonatum
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Appendix E
Principal Components Analysis (PCA) axis | loadings summarizingnstseze across

the study area. Positive PC | scores associated with mean annual flow, date of
minimum flow, rise and fall rates; negative PC | scores associated witltieme of
variation in annual flow, and median number of days with no flow.

PCA axis |
® -2.77--112
® -1.11-0.08

@ 0.09-0388

@ o0so-160

A Kilometers
300 400

0 50 100 200

124



